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Introduction

MANUFACTURE AND HISTORY

Polychlerinated biphenyls (PCBs) were synthesized between the early 1920s and
1978 by a variety of manufacturers in the US, Europe and Japan. They were
manufactured for their excellent thermal and electrical properties and were used in a
wide variety of commerical applications. These varied from closed-system applica-
tions, such as dielectric fluids {capacitors and transformers) and industrial fluids
(hydraulic systems and gas turbines), to open-system applications, such as in the
manufacture of adhesives, textiles and printing. They were made as commercial
mixtures of polychlorinated biphenyls and were manufactured by the direct chlorina-
tion of biphenyl using anhydrous chlorine. This was done at temperatures above
150°C, keeping the biphenyl moiten to prevent clogging, in the presence of a catalyst
such as iron filings or ferric chloride. The crude product was then purified with 0.3%
alkali and distilled under vacuum. The degree of chlorination is dependent upon the
contact time of the chlorine and biphenyl, which is usually between 12 and 36 hours.
Theoretically, there are 209 possible congeners of polychlorinated biphenyls, but due
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to mechanistic and statistical constraints 20 PCBs are absent in commercial prepara-
tions (Hutzinger, Safe and Zitko, 1974).

Commercial production of PCBs started in 1929. Since that time 57 x 107 kg have
been made in the US alene. About an equal amount was manufactured in Europe,
Russia and Japan. Major manufacturers over this time period were Monsanto (US),
Mitsubishi-Monsanto (Japan), Prodelec (France), Bayer (Germany) and Caffaro
(Italy). The primary reason for cessation of manufacture was the persistence and
recalcitrance of PCBs in the environment. Jensen had shown this as early as 1966
Jensen, 1972). Under the Toxic Substances Control Act (1976) the US Congress
banned the manufacture of PCBs although Monsanto had restricted PCB use to
closed-system applications in 1971. Finally, in 1978 PCB manufacture in the US was
halted and dioctyl phthalate was introduced as a replacement. In the UK PCB usage
has been progressively restricted from the early 1970s until their use in new plant and
equipment was banned in 1986. After the US ban, Prodelec (France) continued to
manufacture Chloralkylene 12, a product containing 20% dichlorinated biphenyls. In
addition, Caffaro (Italy) manufactured Apirollio 1531C and 14812, which contained
60% PCBs and 40% trichlorobenzenes, albeit for closed-system application.

In 1990, at the Third International Ministerial Conference on the Protection of the
North Sea, the UK agreed, along with the other participating states, te phase out and
destroy the remaining PCBs in use by 1999,

NOMENCLATURE

Polychlorinated biphenyls contain two benzene rings and, using {IUPAC convention,
are labelled according to ring and position. One ring is labelled clockwise and the
other counterclockwise with prime numbers as shown in Figure /. Additionally, each
of the possible congeners has been ordered by Ballschmiter and Zell (1980) to give a
further systern of nomenclature. Of the commercial mixtures, the Aroclor series were
the most widely used and are named according to the number of carbon atoms in the
biphenyl nucleus and the percentage by weight of chlorine (for example, Aroclor
1242 contains 42% chlorine). They also differ in physical appearance, with Aroclor
1242-1248 being clear liquids, 1234-1262 light-coloured oils and 1268 an off-white
powder.

SOLUBILITY

The problems associated with PCBs are largely due to the diversity of congeners

Figure 1. Conventional numbering of substituent positions in the PCB molecuie X = H or CL.
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present in commercial mixtures and their associated chemical inertness. The Aroclor
series of PCBs is perhaps the most widely cited preparation, largely due to the scale
of its manufacture. The preparations manufactured vary in composition as outlined
elsewhere, Of those available, 1242 was the most widely used Aroclor and contained
a range of chlorobiphenyis containing up to five chlorine molecules. Approximately
60-80 congeners have been identified in the mixture and the properties of the Aroclor
are dependent upon the congener composition. They are remarkably hydrophobic
compounds and mixtures, solubility in water being governed by the percentage of
higher chlorinated congeners present and the position of the chlorine atoms. Aroclor
1242 is soluble at 200 p.p.b. whereas 1260 is much les$ soluble, at 25 p.p.b. Of the
individual congeners, 2-chlorobiphenyl is the most soluble (6 p.p.m.) and
decachlorobiphenyl (0.015 p.p.m.} the least soluble in water (Hutzinger, Safe and
Zitko, 1974). From the additional data shown in Table I, it can be seen that even
within the dichlorobiphenyls, the predicted solubility varies between 1.1 p.p.m. (2,4-
dichlorobiphenyl) and (.64 p.p.m. (2,4-dichlorobiphenyl). Solubility is known to be
a function of the total organic carbon (TOC) present in the aqueous phase. It is well
known that they adsorb well to soils and sediments, with specific adsorption capacity
governed by the particulate surface area and the total organic carbon content of the
soil or sediment (Griffin and Chian, 1979; Lee et al., 1979)

Table 1. Predicted solubilities of individual PCB cengeners in water (data adapted from Dunnivant
et al., 1992)

PCB Congener Solubitity (p.p.m.)
2-MCB ‘ 58
3-MCB 48
4-MCB 076
2,2-DCB [.3
2,3-DCB [.4
24-DCB 1.1
24-DCB 0.64
2,5-DCB 1.5
2,6-DCB 2.6
3,3-DCB 0.7%
34-DCB 0.40
3,5-DCB 0.65
4.4'-DCH 0.02

ENVIRONMENTAL ACCUMULATION

Itis estimated that 10 x 10" kg of PCBs still reside in the biosphere in the soil, air, rivers
and waste streams, and lipoidal components of plants and animals (Boyie et al., 1992).
The average concentration of PCBs throughout US soils is 100 p.p.b., although this
hides the true picture, with only a few p.p.b. present in rural areas, and up to 100 p.p.m.
present in urban areas (Pal, Weber and Overcash, 1980). Of PCB-contaminated
sludges disposed of in Indiana, only 15% exceeded the Environmental Protection
Agency (EPA) 50 p.p.m. guidelines (Bergh and People, 1977). While this may seem to
undermine the problem of PCB contamination, it must be realized that hot-spots of
PCB contamination are a central concern and, due {o the estimated capacitor life span of
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20 years, incidents are going to increase. The PCB Spill Policy has data relating to
frequency and magnitude of PCB transformer leaks; it has determined that 3.3% of
such transformers will leak or spill every year and each spili comprises 66 Ib of PCB
(EPA Federal Register, Vol. 52). Furthermore, the EPA has recently determined that
‘of the 1.6 million PCB capacitors in use in electrical substations (in US), EPA expects
that 12 000 leak each year ... Unlike PCB transformer spills, the majority of PCB
capacitor spills involve the violent rupture of the capacitor and the spraying of PCBs
.. . Available data indicates for over 80 percent of capacitor spills, PCBs are distributed
as far as 11 feet from the centre of the spill.” (EPA Federal Register, Vol. 52).

The Organization for Economic Co-operation and Development (OECD, 1987)
estimated that there were 12 000 tonnes of PCB waste in the UK. This figure is agreed
in the revised Waste Management Paper No. 6 (Department of the Environment,
1994) and it is suggested that 40004500 tonnes have already been destroyed.
Moreover, the most recent study into the deposition of PCBs, using archived
vegetation samples covering the period 1965-89, showed a significant reduction of
air contamination of PCBs. However, it was also noted that, in soils, the rate of
deposition exceeds that of removal (Jones et ai., 1992).

TOXICITY

The toxicity of PCBs is a subject of much debate and research, and is related to many
of the aforementioned factors which ultimately govern bioavailability. It is well
known that PCBs bind covalently to DNA, both in vive and in vitro. Discernible
mutagenic activity is shown in rodents when PCBs containing 57% chlorine are
studied. However, the acute toxicity may not reside in the PCBs per se but may be due
to either the manufacture or transformation of by-products from uvse (Stone, 1992).
Such supertoxic species have largely evaded detection due to the difficulties in
analysing them (Storr-Hansen, 1991). However, it is well known that co-planarity of
the chlorinated biphenyl! is considered very important in acute toxicity (Huang and
Gibson, 1992). This occurs in congeners which have no substitution at either of the
ortho carbons (2,6 and 2',6"), allowing the molecule to assume a co-planar configura-
tion. Chronic human toxicity has been well chronicled, with chloracne, pruritus, liver
problems and reduced vital capacity of the respiratory system amongst the common
symptoms (Kimbrough, 1980). Iirespective of the symptoms and whatever the modes
of toxicity, the hydrophobicity of the congeners facilitate their accumulation in
biological systems and potentiate the concern about their ultimate fate,
Bioaccumulation has been studied in bacteria (Hamdy and Lin, 1983), yeast (Cole,
Reichart and Button, 1979) and fungi, but perhaps the most dramatic evidence of
bioaccumulation comes from studies using oysters and fish. Aroclor 1254 {1 mg™
has been shown to be concentrated 101 000-fold in oysters (Lowe et al., 1972). Fish
‘Trom’tne’Hubson’Kiver, wnere UEC mandtacturet wansformers ana purénasetl’ (3%
of total US PCB output between 1966 and 1974, were able to concentrate Aroclor
1016 15 000-fold in only 14 days (Skea et al., 1979). Bioaccumulation, like adsorp-
tion, is probably dependent upon the log P of the congeners (a measure of their
hydrophobicity) and the steric effect coefficient (SEC), which is an indicator of
degree and position of chlorine substitution. Obviously, this has more pronounced
deleterious effects as you ascend the food chain, and the ultimate fate of the PCB is
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largely dependent upon the potential of the organisim to detoxify the compounds. This
has been dealt with in relation to human toxicity in the submission made to the Welsh
Affairs Committee (Johnston and Simmonds, 1989). Of the information currently
available, detoxification requires two adjacent unsubstituted carbon atoms for the
formation of the intermediate arene oxide (Matthews and Anderson, 1975).

ENVIRONMENTAL LEGISLATION REGARDING CONTAMINATED LAND AND WATER

PCBs are, along with dioxins, some of the worst of all contaminants. This is not
necessarily directly related to human toxicity, although it may be regarded as such for
dioxins. The main problems stem from the course of remedial action which must be
taken when such pollutants are present. PCBs are extremnely hydrophobic molecules
and it may be agued that their health risk is not significant in terms of the possibility
of getting into the water course.

The use of PCBs in the UK is restricted through the Control of Pollution (Supply
and Use of Injurious Substances) Regulations 1986 81 No. 902, which defined PCBs
at the 50 p.p-m. concentration level (as amended by the Environmental Protection
[Controis on Injurtous Substances] Regulations 1992 SI No. 31). PCBs are dealt with
under the legislation on waste and special waste contained within the Control of
Pollution Act (1974}, Control of Pollution (Special Waste) Regulations (1980) and
the Control of Pellution (Licensing of Wastes Disposal Regulations} (1976) (OECD,
1987). Additionally, a technical memorandum and Code of Practice for the disposal
of PCBs and PCB-contaminated wastes has been published and is due for revision and
update in 1994 (Department of the Environment, 1994}. This forms part of the
measures necessary to implement the European Community Directive for the dis-
posal of PCBs and PCTs (76/403/EEC).

Legislation regarding contaminated land in the UK is extremely patchy for several
reasons. Remediation is inextricably linked with end-use, such that final use as a
children’s playground demands more clean-up than if it were to be used as a car park.
Theretfore, it might be expected that trigger values have been assigned to such
environmental pollutants, but this is not the case. Unlike The Netherlands (Moen,
1988), which favours multifunctionality (the remediation of land permitting any end-
use}, it is not clear what values must be attained in the UK. A value of 10 p.p.m. is
suggested in Waste Management Paper No. 6 (1994} although the Department of
Environment’s Interdepartmental Committee on the Reclamation of Contaminated
Land (ICRCL) does not have clear trigger values for PCBs related to end-use (ICRCL.,
1987). Although this may secem an oversight, it must be realized that the setting of
trigger values is somewhat arbitrary at the present time. Ideally, one would hope to
have as full a toxicological profile as possible, but this is itself dependent upon many
variables, including soil type, analytical systems employed and the presence of co-
contaminants.

Treatment methods

INCINERATION

The incineration of PCBs and other classes of chemicals is an established disposal
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technique. They are destroyed by high-temperature thermal oxidation. In the US the
Toxic Substances Control Act (TSCA) requires a DRE (destruction and removal
efficiency) of 99.9999% for thermal treatment systems. In the UK, the guidelines are
set by the Department of the Environment through their Waste Management Paper
No. 6. High temperatures and sufficient residence time are required to conform to the
guidelines and destroy all organic components. Strict adherence to the guidelines is
required to ensure that thermal oxidation to the even more problematic dioxins does
not result.

Apart from liquid PCB waste, most decontaminations are probably point-source
depositions in the soil. If these are large spillages, the cost of removal and disposal will
be increased by the transportation costs to the incinerator. Unlike in the US, no
transportable incinerators able to remove PCBs are operational in the UK. Presently
there are three incinerators able to deal with PCBs in the UK. The largest of these is
operated by Rechem in Panteg, South Wales. Disposal costs are estimated at approxi-
mately £1000 per tonne with the incinerator able to destroy 100400 kg PCB per hour.
The operating temperature of the kiln is 950°C, with an afterburner temperature of
1100°C. In the US, satisfactory destruction of PCBs is suggested to be achieved by
incineration for 2 seconds at 1 100°C with 3% excess oxygen. The incinerator (8 m x 4
m} operated by Rechem fulfils these requirements, operates with 6% excess oxygen and
gives a final concentration of PCB in the stack of 2 pg m™, well below the occupational
exposure Hmit of 1 mg m™ (Health and Safety Executive, 1993). It was estimated that
manufacturing waste arisings were 400 tonnes per year when the Department of the
Environment produced Waste Management Paper No. 6 (1976). Within the past few
years there has been considerable increase in the UK capacity to deal with chlorinated
wastes and the total available capacity is now approximately 7000 tonnes per year
{Waste Management Paper No. 6; Departmeni of the Environment, 1994),

CHEMICAL METHODS

Since 1978 a family of alkali metal polyethylene glycolate (APEG) reagents have
been developed which are reported to dechlorinate PCBs effectively and rapidly in
soils and liquids. Reagents may be prepared as either the potassium or sodium
derivatives. The potassium derivative is reportedly more effective for PCBs. The
reagent is prepared by reacting a polyethylene glycol with potassium hydroxide. The
resulting alkoxide reacts with a chlorine on the aryl ring, most efficiently at 60-100°C,
to produce an ether and potassium chloride. Substitution of the chlorine with the
ether-linked polyethylene glycol detoxifies the PCB {Amend and Lederman, 1992).

This would seem to oversimplify the problems of PCB degradation as commercial
mixtures may be heavily substituted and not all chlorine atoms would be expected to
be removed using this methodology. Moreover, addition of the polyethylene glycol
will simply increase the water solubility of the derivatized PCB, aiding its removal
from the contaminated media but still leaving an ether-derivatized chloroaromatic.
Despite this, the method has been implemented in the US to treat soils contaminated
with up to 3500 p.p.m. PCBs. It is not known whether the soils are destroyed in the
process, but the removal of PCBs is of the order of 99%.

The problems of bioavailability of the PCBs have been alluded to and it is possible
that this sort of methodology could be a useful initial step for other processes. Several
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vendors offer this service (Kokozka and Flood, 1985) but, to the authors’ knowledge,
it is not available for use in the UK.

BIOLOGICAL METHODS

Historically, biological treatment has been favoured by industry for dilute agueous
solutions. Although incineration is cheaper for particular waste streams, and this is
largely based upon the heating value, no environmental considerations are presently
made. If a waste has an organic content of over 10%, it is usual for it to be incinerated.
However, waste treatment costs are based on weight or volume and not on the actual
waste content, Therefore, dilution of a waste may permit its treatment by biclogical
systems, but this is not usually favoured because of the increased cost implications.
Despite this, it has been estimated that if there is a choice between incineration and
biological treatment, biodegradation costs are perhaps one-half to one-tenth those of
incineration {League, 1990). Moreover, it was recognized in the First Report on
Contaminated Land in the UK that bioremediation is ‘the only true clean-up tech-
nigue in use in the UK’ (House of Commeons, 1990).

The methodology used in biodegradation has developed rapidly since micro-
organisms were first used for wastewater treatment approximately 100 years ago
(Visscher and Brinkman, 1989). Although bicengineering has improved dramatically
over the years, the number of reactor subgroups that exist are still relatively small. Up
until 1980 the aerobic reactor option was much favoured but more recent research has
switched focus to the better potential offered by anaerobic systems.

Water is the medium routinely used in biological treatment methodologies, whether
it be in activated-sludge systems, anaerobic digesters, trickling filters or oxygenated
lagoons. Such systems have been investigated for their potential to degrade xenobiotics.
Irrespective of the system that is ultimately applied, it is the biodegradative capacity
of the micro-organism that is the starting point for the development of a process.

Traditional biodegradation relied on the use of complex uncharacterized communi-
ties of organisms. This bicenrichment approach is still applied in most processes but
it has sometimes been supplemented with a policy of bicaugmentation. This process
differs from the former by the addition of one or more microbial strains which are
specifically able to degrade a number of chemical components. Despite these addi-
tions, there is still overlap between enrichment and augmentation because the ultimate
goal is mineralization, a process requiring a diversity of phenotypes. With this in mind,
several processes have been formulated which use different units in series, or recycle
the waste (Ng, Yap and Sivadas, 1989; Shivaraman and Parhad, 1990).

The iminobilizatior of micro-organisms has facilitated the development of many
processes. Such biofilin reactors include trickling filters (Alkins, 1981), submerged
filters, rotating discs (Howard, 1990} and fluidized beds (Dillon, 1981}. Ali of these
are well suited to aerobic application, whereas downflow and upflow filters are more
amenable to anaercbic operation (Krumme and Boyd, 1988). Much work has also
concentrated on the support materials used in these operations. Activated sludge has
little support and consists of acclimated organisms in a non-defined matrix. Use of a
trickling filter allows the adhesion of the micro-organism to a variety of supports. A
very thin film of waste is sprayed on to the filter bed and this facilitates good aeration
and aerobic degradation.
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The problems with bioremediation of contaminated soils are different in terms of
the matrix but the problem of chemical recalcitrance is still pre-eminent. Many
laboratory experiments have shown the degradation of target pollutants in soil
microcosms and in field lysimeters (Mikesell and Boyd, 1988; Hill er al., 1989; Havel
and Reineke, 1993b). Such experiments have explored both bioaugmentation and
bioenrichment as feasible options for field application. Additionally, freeze-dried
bacterial cultures which are designed to degrade specific waste types are commer-
cially available (Haley er al., 1990). On the larger scale, one of the EPA site
programme demonstrations includes a liquid/solid contact digestion system in which
either sludges or soils containing between 2000 and 800 000 p.p.m. total organic
carbon, from a wood-preserving facility, are degraded biologically in several stages.
In this process, an acclimated bacterial seed is used along with the option to
incorporate emulsifiers (EPA, 1989).

In the degradation of PCBs, the carbon—chlerine bond is the target. Although
halocarbons exist in nature, they are not common (Suida and DeBarnardis, 1973;
Lovelock, 1973; King, 1986). Despite this, it has been shown repeatedly that
chlorinated xenobiotics may be broken down by microbial populations. The advance-
ment of carbon—chlorine degradation has not been facilitated by the usual approach of
indexing degradative pathways simply against the disappearance of the parent
compound. This is best illustrated by studies of chlorinated solvents in ground water.
Although such solvents are degraded by micro-organisms (Galli and McCarty,
1989a,b; Oldenhuis ef al., 1989) degradation may result in the formation of recalci-
trant chloro-organics such as trichloroethylene and vinyl chloride.

The biodegradation of many haloaromatic species has been investigated and
reviewed by Hardman (1991). More specifically, halogenated aliphatics (Vogel,
Criddle and McCarty, [987), substituted benzenes (Goulding, Gullin and Bolton,
1988), pentachlorophenol (Topp and Hanson, 1990), PCBs {(Abramowicz, 1990;
Boyle et al., 1992}, 2,4-dichlorophenoxyacetic acid (2,4-D) {Kelly, Hallberg and
Tuovinen, 1989) and chioroguaiacols, chloroveratroles and chlorocatechols (Neilson
et al., 1987) have all been studied and reviewed. Despite the vast array of studies
underiaken, it must be stated that the problems encountered in the degradation of low-
level waste/chloroaromatic compounds are related to questions of bicavailability and
the build-up of intermediates.

Obviously, metabolic versatility is a key attribute when isolating organisms able to
rerediate a particular waste stream. To this end, pseudomonads are often cited as
remarkably catholic organisms. This has been further embraced by the work of
Reineke and colleagues (Hartmann er al., 1989; Brunsbach and Reineke, 1993; Havel
and Reineke, 1993b}. Other organisms attracting a great deal of attention are the white
rot fungi (most notaby Phanerochaete chrysosporium). These organisms have been
reviewed extensively by Bumpus ef al. (1990) and their use in appropriate bioreactors
for hazardous waste remediation has been chronicled {Lewandowski, Armenants and
Pak, 1990).

Analysis of PCBs

As has already been stated, PCBs were sold as mixtures of congeners. The largest
manufacturer was Monsanto with their Aroclor range. The latter were sold and
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characterized according to the percentage of chlorine (by weight). The most popular
was Aroclor 1242 which contains 42% chlorine. Other products contained as much as
60% or as little as 21% chlorine. As many as 70-80 congeners may exist within these
mixtures and these differ only in the number and position of the chlorine substituents.
These factors hinder the complete elucidation of metabolic events that may occur in
aerobic or anaerobic systems. This is further compounded by the heterogeneous
nature of the matrices from which many of these PCBs are extracted. New develop-
ments in thermal desorption chromatography permit the PCBs to be concentrated on
to selective adsorbents using steam distillation and then to be thermally desorbed on
to the analytical column (Brown ef al., 1991). This facilitates clean-up and reproduc-
ibility but is not commonly used at the present time.

When analysing the metabolic events occurring in the degradation of PCBs by
micro-organisms, two main parameters are usually quantified. Both the PCBs and the
released chloride are usually measured. Despite this, the problems inherent in the
analysis of PCBs have yet to be completely overcome. Two systems, gas chromatog-
raphy (GC) and high-pressure liquid chromatography (HPLC), are commonly
employed for the routine analysis of PCBs and these have recently been supple-
mented with the wider use of gas chromatography-mass spectroscopy (GCMS) for
both routine and in depth analysis.

Gas chromatography is by far the most common method of analysis used at the
present time. The development of capillary columns has facilitated the resolution of
complex chemical mixtures including the PCBs. However, the major benefit in the
use of GC is the ability to couple the increased resolving power with the tried and
tested detectors that are available. Two main detectors, excluding mass spectrometry
(MS), are routinely used and each has advantages and disadvantages.

By far the most common general-purpose detector is that employing flame ioniza-
tion (FID). The response from this detector is related to the thermally excited ions
produced in a hydrogen/air flame and is directly related to the number of burnable
carbon atoms. A fundamental problem with the use of the FID is the necessity to
undertake extensive clean-up when sampling directly from the environment. This is
necessary as soils and sediments contain many organic species that will give a
response in the FID and are likely to give erroncous results when analysing the full
spectrum of PCB congeners. Although the FID gives a response related to the number
of carbon atoms in the nucleus, and hence gives a theoretically equal response per
biphenyl molecule, it has been shown that the sensitivity is a thousand-fold less than
either the electron capture {EC) or Hall electrolytic conductivity (HEC) methods of
detection.

The most widely used method of detection of PCBs, or halogenated compounds in
general, is the electron capture detector (ECD). It is specific for sample constituents
which exhibit an affinity for electrons and a low response to other types of sample
material. It contains a radioactive source (¥ Ni) which ionizes the carrier gas and the
electrens are collected at the detector electrode. Obviously, if the chemical species
under investigation has an affinity for electrons it will reduce those being detected at
the collector electrode. It differs from the Hall electrolytic conductivity detector
(HECD) which measures the HC! formed from the parent molecule. The HECD is not
widely used but does give a response directly related to the number of chlorine atoms
presert on the parent molecule. This is not true of the ECD which gives a dispropor-
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tionate response that is not related to the degree of chlorination. Moreover, the ECD
response is also a function of the position of the chlorine atoms, which is not
predictable.

Despite the availability of detectors which are sensitive to PCBs there are several
fundamental problems:

I.  What to choose as the internal standard when using ECD.

2. How to resolve co-eluting peaks.

3. Distinguishing contaminants from trme PCBs,

4. Identifying the non-ortho substituted, and hence the most toxic, congeners.

The choice of reference standards is of crucial importance. The disproportionality
in ECD response is quite marked over the congener range, as iilustrated in Figure 2.
Furthermore, the choice of internal standard is restricted to those ‘like-compounds’
which are not metabolized by the organism or consortia under investigation.
Octachloronaphthalene has been used extensively but gives a marked difference in
response compared to the mono- and dichlorinated biphenyls. Currently, the
pentachlorinated biphenyl 246-24 is used widely because it is not metabolized, is
absent from the commercial mixtures, and does not co-elute with any other congener.
This allows it to be used without interference from constituents, in the knowledge it
will not be degraded, but does not circumvent the problems associated with
disproportionality of response.

In reality, the problems of variable congener response and co-elution can only be
tackled by establishing the linearity of response for each congener or by approxima-
tion using a multi-point calibration curve and internal standards. Fava, Cinti and
Marchetti (1993) have used this approach with a four-point calibration plus the use of
octachloronaphthalene and lindane as internal standards. Additionally, the efficiency
of soil extraction was assessed using PCB 75 (246-4). The standard methodology
employed in clean-up and analysis is that adopted by Quensen, Boyd and Tiedje
(1990). Soils or sediments are extracted in the presence of octachloronaphthalene and
are analysed relative to an autoclaved control. In this case it was an anaerobic
dechlorination that was studied and was assessed by the removal of mete and para
chlorines. The assumption was made that co-eluting isomers occur in equal propor-
tions, and all co-eluting congeners increase or decrease to the same extent. The effect
of this assumption was evaluated using two worst case scenarios and was shown to
result in a maximum 10% error when studying heavily chlorinated mixtures (e.g.
Aroclor 1260).

Although quantification of individual congeners relies on certain assurnptions
being made, it is well established that the order of congener elution and composition
of the mixtures is fairly reproducible. Table 2 outlines a selection of the congener
profiles and peak assignments for Aroclor 1242 that have recently appeared in the
literature. It can be seen that, apart from that cutlined by May et al. (1992), they are
fairly consistent, with co-eluting peaks largely unchanged. The surprising omission
of the trichlorinated biphenyl 25-2, which forms 9% (w/w) of 1242, is unexplained.
Despite this, the literature available on PCB traces permits a predictive determination
of the qualitative presence of individual congeners without a requirement for the use
of individual standards in the first instance. Obviously, complete quantification of the
events occurring when PCBs are degraded does require individual standards, most of
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Table 2. Summary of peak assignments given in the literature

G.K. Rosinson anp MLJ. LEnN

A B C D

Pk assignation IUPAC No. Congener % in 1242
1 2 2 4 2-2 399
1 2 2 10 26 01300000727
2 3 3 7 24 LOg
2 3 3 9 25 0.31- 0.9
3 4 4 6 2-3 1.24 1.2
4 5 5 5 23 O
4 5 5 8* 2-4 B.O7 758
5 6 6 19 26-2 0.97 9
6 7 Absent 18 25-2 9.36 87
7 7 Absent 15 4-4 0.99
7 8 8 18* 242 292 000 4%
8 9 9 24 236 I RN
8 9 9 27 26-3 0.54 .
9 t0 10 i6 23-2 D323y
9 10 10 32 264 A5
10 Absent 34 2-35 0
11 Absent 29 245 0
12 1 1t 26 25-3 0.55 1.1
13 12 12 25 24-3 1.68 7.0
14 14 13 28 244 13.30 6.5
14 13 13 31 254 4.53 7.0
15 15 £5 20% 23-3 364
15 15 15 33+ 2-3.4 D283
15 16 15 53 25-26 097 33
16 18 16 22% 234 B
16 17 16 51 24-26 O 09
17 19 17 45 236-2 0.90 0.5
18 20 18 46 23-26 0.31 0.31
19 21 19 52 25-25 4.08 3.1
20 23 21 47 24-24 1.65 1.1
20 22 20 49 24-25 3.28 2.6
21 24 22 48 245-2 1.33 1.4
22 25 Absent 44 23-25 1.08 3.4
23 26 24 37* 34-4 B YRR EA
23 27 24 42 23-24 | A S Iy
24 28 25 41* 2342 LET
24 28 25 64 236-4 00 R
24 28 25 74 26-34 O 3.0
25 29 26 40 23-23 0.15 0.9
26 Absent 67 245-3 0
27 Absent 58 23-35 0
27 Absent 63 2354 0
28 30 27 74 2454 2.02 1.9
29 31 28 70 25-34 1.11 3.9
30 32 29 66 24-34 0B
30 33 29 95 236-25 05377000 4.8
31 34 30 o4 236-24 Trace 13
32 35 31 56* 23-34 060
32 60 2344 0200 2.9
32 89 234-26 0
13 90 235-24 Qi
33 101 245-25 027 L
34 99 245-24 0.55 0.55
35 112 2356-3 0
36 83 235-23 0
37 97 245-23 0
38 87 234-25 0.09 1.0
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39 85 235-24 0 0.7
40 110 236-34 0 i.l
41 82 234-23 0 0.7
41 i51 2356-25 0
42 106 2345-3 0
42 i23 345-24 .36

C 42 149 236-245 ¢ 0.7
43 105 234-34 0.25 1.0
44 138 234-245 0
44 166 23456-3 0
44 163 2356-34 0

Column A refers to the elution order. Each of the digits relates to the peak assigned in cach of three references. The first
figure is the order assigned by Barriault and Sybvestre (1993). the second is the order assigned by Nies and Vogel (1991),
the third is the order assigned by May er of (1992). Column B refers to Lhe TUPAC no. assigned to each congener with the
position of the chlotines outlined in column C{* = major peak). Cotumn D indicates the % (wi) of each congenerin Aroclor
1242, The first figures are those of Kimbrough (1980} and the second figures are those of Lajoice et af. (1993). Shading
refales (o co-elution of congeners according to Lajoic er al. {(1993).

which are commercially available. Of the intermediates expected to be formed from
polychlorinated biphenyls, chlorobenzoates have been detected using GC after
derivatization {Gerritse, van der Wande and Gottschal, 1992).

Liquid chromatography (particutarly HPLC) has been used extensively for the
detection of PCBs, chlorobenzoates and chlorocatechols. Resolution of the congeners
is achieved on the basis of column selection and solvent system. The most common
detection system employs an ultraviolet (UV) detector to analyse the signal from the
aromatic nucleus. Although sensitive, the samples must be clean and it does not offer
the same predictable resolution outlined for gas chromatography. The main benefit is
in the detection of chlorobenzoates and chlorocatechols, but problems of co-elution
persist with these groups of compounds.

Chleride release is an excellent indicator of PCB degradation but requires a high
degree of sensitivity and littie background interference. Many methods are available,
ranging from simple colorimetric systems to complex liquid chromatography sys-
tems. The methods are surveyed in Table 3 and each has advantages and disadvantages.
None of the methods outlined should be used in isolation, but when coupled with GC
or liquid chromatography (L.C) they are invaluable in the elucidation of metabolic
pathways involving chloro-organics.

The definitive identification of individual PCB congeners within mixtures of
congeners would aid considerably the quest for methods of eradicating PCBs. As

Table 3. Summary of some of the methods availahle for the detection of chloride

Basis of assay Sensitivity
End-peint titration with silver ions! {.1-100 p.p.m.
Atomic adsorption’ 50 p.p.b.
Modified Mohr titration? 1.5-15 p.p.m.
X-ray fluorescence spectrophotometry? 40 p.p.b.
lor chromatography” 40 p.p.b.
Ton chromatography with electrical conductivity detector? | p.pb.
Colorimetric? 350 p.p.m.

Sources: | Anafvrical Chemistry 47,343 (1975): 2 Analviteat Chemistry 63,318 (19913; 3 Analvtical Chemistry 61, 284
(1989); 4 Analvtical Chemisory 29, 241 (1957).
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outlined above, all of the analytical methods are deficient in some way. To this end,
mass spectrometry, when coupled o gas chromatography (GCMS), has aided PCB
research. Full use is often made of the isotopic distribution of chlorine {75.53% **Cl
and 24.47% Y'Cl} in identifying ion clusters corresponding to the degree of chlorina-
tion. Despite this, GCMS should not be thought of as an analytical tool that has no
drawbacks. Iirespective of the detector that is used, the resolution of the individual
congeners determines the success of the methodology used thereafter. Therefore,
although GCMS may definively identify isolated congeners that do not co-eluate, it is
very difficult to identify those that do. Electron impact (EI) spectra of PCBs have been
studied extensively by Safe and Hutzinger (1971, 1972} and it has been shown that co-
eluting peaks have fragmentation patterns refated to the expulsion of chlorine atoms.
Therefore, if a peak consisted of three co-eluting congeners and these differed in the
number of chlorine atoms they possessed, it would be difficult to distinguish them
apart from the most chlorinated congener. Cairns and Siegmund (1981} further
developed mass spectrometry with PCBs, using methane to protonate the molecular
species. Only a very small percentage of tons (<2%) corresponded to the loss of HCI
from the molecular species, causing a problem of identification when investigating
the lower homologues. This technique permits instant analysis of each PCB mixture
on the basis of the distribution of molecular weights. Therefore, it is possible to
specify a particular m/z value and get a profile within any eluting peak. This permits
the degradation of each congener to be assessed so long as the peak compositions are
unequivocal. As with other methods, this again suffers from a disproportionality of
response across the congener range. Highly chlorinated congeners have less sites
available for protonation and sensitivity is therefore reduced.

In concluston, the quantitative analysis of PCBs is a fundamental obstacle which
must be overcome if their metabolism is to be fully vnderstood. This is best illustrated
by an American study which investigated the accuracy and precision of PCB analysis
by accredited laboratories. For a prepared sample at 100 p.p.m. PCB, relatively high
by environmental standards, 30% of laboratories out of a total of 120 would have
classified the waste as not special, i.e. < 50 p.p.m. (Milby, Miller and Forrester, 1985),

The choice of technique, reference standard and clean-up method all have a bearing
on the level of degradation which is finally reported. The advent of capillary columns
has facilitated the resolution of many PCB congeners, but there are still many
problems left to solve. Mullin ef af. (1984) published an excellent paper which
reporied the separation of 187 PCB congeners using a 50 m capillary column. Despite
this, it was reported that 11 pairs of compounds were not fully resolved and, although
general trends existed within the congeners, it was not possible to predict separations.
In general, relative retention time (RRT) increased with increasing chlorine content,
but within each isomer group there were large variations in the magnitude of the GC
response. Only when all congeners are resolved will it be possible to standardize
conditions for the identification and quantification of any of the PCBs that may be
present in environmental samples.

Bicavailability

The bioavailability of a compound may be defined as that fraction of the compound
which may be acted upon by a biological system. For the purpose of this chapter we



Bioremediation of PCBs 153

will restrict the discussion to that fraction which may be available to micro-organ-
isms. Ordinarily, microbial systems are investigated in the aqueous phase with water-
soluble, readily available substrates. The limitations in such a system are the transport
of the substrates across the biclogical membrane and their utilization by either
inducible or constifutive enzyme systems.

PCBs are extremely hydrophobic molecules which adsorb strongly to virtually any
type of matrix. When studied in the laboratory, either as single congeners or as
mixtures, they are either supplied directly to the aqueous phase and allowed to
equilibrate, or are added as a concentrated stock solution in an appropriate water-
miscible sotvent (acetone or methanol). Although both of these techniques are
accepted as standard, each gives rise to different concentrations and compositions in
the aqueous phase. Murphy, Mullin and Meyer (1987) conducted equilibration
studies with PCBs after allowing them to equilibrate in the water phase, but they
showed that preparation by addition of sotvent results in an altered compesition. Each
of the components of a PCB mixture will become soluble in the agueous phase until
they are saturated. Therefore, if added as a solvent solution, the least soluble
components will become saturated first and give rise to a second phase composed of
insoluble PCBs. This will retard the partitioning into the aqueous phase and give rise
to agueous solubilities well below those reported by equilibration. Furthermore, the
mixtares in the environment are present as sub-cooled liquids and are extremely
temperature dependent. Therefore, even in the simplest laboratory study into PCB
degradation, toxicity and solubility of mixtures may be problematic. As an indicator,
data are available on selubility, vapour pressure and Henry's Law constants for the
whole congener range (Murphy, Mullin and Meyer, 1987; Dunnivant er al., 1992).

The main impetus behind the study of PCBs is their recalcitrance and toxicity in the
environment. In natural water systems, toxic effects arise because of their accumula-
tion by many biological systems. Movement into the atmosphere has not received
significant attention, but data from Diskey and Andren (1981} and Rice, Eadie and
Ertsfeld (1983} have suggested that in Lake Michigan there appears to be transfer
from the water to the atmosphere. This has given rise to the conclusion that the
atmosphere, rather than the sediments, is the major sink for PCBs in Lake Michigan
and similar bodies of water (Murphy, Mullin and Meyer, 1987).

frrespective of the above, it is generally accepted that the greatest problem
associated with PCB contamination is due to soil and sediment contamination.
Sorption of organics has attracted much attention but little definitive experimentation.
It is widely accepted that sorption limits the availability of compounds for degrada-
tion, but studies in the field have not been unanimous in their conclusions (Gordon
and Millera, 1985; Ogram et al., 1985; Rijnaarts er al., 1990). This is entirely
understandable when one considers the multiplicity of variables that govern
bicavailability. In the broadest context, and without alluding to the factors already
mentioned, bicavailability must be governed by the physico-chemical structure of the
sorbate. the nature of the sorbent, the mechanism of sorption, the factors governing
equilibration and the properties of the degradative organisms.

PCBs have a high affipity for suspended solids, which is increased significantly in
the presence of increased amounts of organic carbon (Hamelink, Waybrant and Ball,
1971). PCBs are usually associated with soils or sediments in a soil-water system and
the sorption of PCBs by various earth materials is shown in Table 4 (Griffin and
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Table 4. Effect of susface area (SA), total organic carbon (TOC) and type of earth material on the
sorption of PCBs

Sorbesnt Sorption constant TOC SA
(&) {%) (m*g"')
Ottawa silica sand 22 <0.1 0.4
Mommorillonite clay 172 4.93 21.1
Montmorillenite clay (LTA) 145 .13 20.2
Catlin silt loam 532 4.73 20.5
Catlin {6 h) LTA 472 4.37 254
Catlin (12 h) LTA 310 3.64 24.5
Catlin (336 1) LTA 239 1.84 238
Medium temp. coal char 630°C 1638 74.04 253
Medium temp. coal char 650°C (LTA) 1432 64.00 214
High temp. coal char 980°C 1220 76.62 44
High temp. coal char 980°C (LTA) 1174 32.14 120

LTA denotes low-temperature ashed samples. Data from Griffin and Chian (1979},

Chian, 1979). The amount of PCBs sorbed by the earth materials could be related to
the equilibrium concentration of PCBs and could be described by the simple linear
relation:

xim=KC

where x = micrograms of compound sorbed, m = weight of adsorbent (g), C = the
equilibrium concentration of PCBs in solution (ug mt™) and K = sorption constant (ml
g™, It can be clearly seen that the sorption of PCBs is directly related to the total
organic carbon and that low-temperature ashing significantly reduces sorbed PCBs.
As might be expected, the more hydrophobic, heavily chlorinated congeners adsorb
much more than the lighter, chlorinated congeners (Haque and Schmedding, 1976;
Lee er al., 1979). Furthermore, the work of Lee er al. (1979) established a direct
refationship between TOC and the sorption constant {K) as follows:

K=255+185TOC.

This was further developed to include surface area (SA) as a variable, giving rise to
the linear regression relation of:

K=188+3365A+11.4TOC.

Aroclor 1242 was also studied and the sorption constant (K,.) normalized for the
organic carbon content, had a value of 10 725. Moreover, it was possible to express
the linear regression relationship as:

K=1243+4.0065A +73.45 TOC.

It can be seen that, of the two coefficients (SA and TOC), it is the total organic carbon
content of the soil that fargely governs sorption.

Chlorobenzoates and chlorocatechols, which are products of the biodegradation of
PCBs, are far more soluble in water than the parent compounds. Solubility figures
produced by Dolfing and Harrison (1992) suggest that, apart from 4-chlorobenzoate,
all of the mono- and dichlorinated benzoates are soluble to levels > 2.5 mM. It might
therefore be expected that sorption of these chemical species is insufficient to limit
their bicavailability. Further data relating to the movement of these chemical species
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in different soils would be beneficial when investigating the mineralization of
congener mixtures,

The movement of Aroclors in s0ils has been studied with respect to both the soil
characteristics and the mobile phase. Using soil thin-layer chromatography (TLC),
Griffin and Chian (1979) have shown that Aroclors 1242 and 1254 are virtually
immmobile when either water or landfill leachate is the solvent. However, if an organic
solvent such as acetone, methanol, benzene or carbon tetrachloride is used, the whole
congener range is eluted. Several studies have established how far PCBs move within
soils of different types. It can be concluded from these studies that PCBs are not
significantly leached by water. Furthermore, the distance migrated may be related to
the clay and/or organic carbon content (Suzuki, 1975; Tucker, Litschgi and Mees,
1975; Moza, Weisberger and Klein, 1976).

All of the factors that have been outlined above pertain to either sorption or aqueous
solublity. This permits the use of predictive techniques to ascertain the bicavailability
of organic compounds. Despite this, soils are very heterogeneous environments and
consist of aggregates which vary in size. Most organisms exist on the outside of
aggregates and in the small pore spaces between them. Electron microscopy has
facilitated the study of these microenvironments and it has been estimated that micro-
organisms occupy less than 1% of the total available pore space (Paul and Clark,
1989). Therefore, pore neck size and water content of the pore are also determinants
of bivavailability. Furthermore, a recent study by Guerin and Boyd (1992) concluded
that, all physical and physico-chemical factors aside, there are important organism-
specific properties which make generalizations regarding the bioavailability of
sorbed substrates inappropriate. it is therefore necessary to plan strategically with
end-use being a major factor.

Microbial degradation of PCBs and their intermediates

The degradation of aromatic organochlorines occurs via four well-characterized
mechanisms, as follows:

1. Oxygenolytic dechlorination

This occurs via dioxygenative aftack on the aromatic nucleus and is dependent upon
the position of the chlorine substituents. The oxygenolytic cleavage of the chlorine
atom occurs fortuitously when both atoms of molecular oxygen are incorporated into
the aromatic nucieus. PCBs are principally hydroxylated on the unsubstituted carbons
at positions 2 and 3 and at unsubstituted 3,4 positions. In either case, the mechanism
seems to require the presence of adjacent unchlorinated atoms.

2. Hydrolytic dechlorination

In this reaction the incorporation of a hydroxyl group leads to the concomitant release
of a chlorine substituent. Unlike the above, the hydroxyl group is derived from water
and the reaction is catalysed by a halidohydrolase-type dehalogenase. The require-
ment for water rather than molecular oxygen also permits this dechlorination to occur
in anaerobic, denitrifying conditions.
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3. Reductive dechlorination

Reductive dechlorination results in the removal of the chloride substituent with the
concurrent addition of electrons to the molecule. Although it has been reported to
occur in both aerobic and anaerobic environments, it has been shown to occur
primarily in the latter.

4. Chloride release after cleavage of the aromatic ring

The present chapter will deal with all the mechanisms outlined above. Starting with
anaerobic degradation, both anaerobic and aerobic degradation will be discussed.
This will be related to the metabolism of the three primary classes of compounds
involved in the degradation of polychlerinated biphenyls, namely PCBs,
chlorobenzoates and chlorocatechols.

ANAEROBIC DEGRADATION
Polychlorinated biphenyls (PCBs)

Historically, it was anticipated that anaerobic environments were a sink for the more
heavily chlorinated PCB congeners. Using both marine muds (Carey and Harvey,
1978) and silage (Fries, 1971) it was concluded that anaerobic environments did not
contribute significantly to the degradation of PCBs. Since that time, many other
workers have studied the anaerobic degradation of PCBs and have shown that this
supposition is not valid. It must be noted that evidence of the anaerobic degradation
of the biphenyl nucleus has not been demonstrated. Chen et al. (1988) indicated the
production of *CO, when Hudson River sediments were incubated anaerobically
with “C-labelled monochlorobiphenyls. To the authors’ knowledge, this has not been
shown subsequently and has not been reported by other workers.

The role that anaerobes play in the degradation of PCBs was first shown by Brown
et al. (1987). Again using Hudson River sediments, they showed that the congener
distribution of a known PCB mixture altered radically over a long period of time. The
primary finding was that highly chiorinated PCB congeners were extensively re-
moved, giving rise to a much higher proportion of the lower-chlorinated congeners.
In all sediments, the levels of 26-2, 26-3 and all dichlorinated biphenyls increased
two- to six-fold, and the level of 2-chlorobiphenyl increased seven- to seventy-fold.
These findings should be considered in the light of the disproportionality of congener
response of the electron capture detector outlined earlier. Despite this, it is clear that
the transformations observed specificaily involved the removal of mera and para
chlorines. Moreover, the central finding of this and subsequent work was that
congener dechlorination is specific for the particular sediment from which it is
derived. Three different groups have made advances in the study of anaerobic
dechlorination of PCBs (Quensen ef al.,, Abramowicz et al. and Vogel er al.).
Moreover, Quensen and co-workers have shown that sediment derived from the
Hudson River dechlorinates a range of congeners in Aroclors 1242, 1248, 1254 and
1260. However, a consortium that is completely devoid of sediment and able to
anaerobically dechiorinate PCBs has, to our knowledge, never been shown.
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Four patterns of reductive dechlorination have previously been shown to occur in
anaerobic sediments:

1. meta removal - shown in Hudson River, Sheboygan River, Lagoons and Sikver
Lake;

2. para removal — shown in Hudson River, Saginaw River;

3. mera and para removal - shown in Hudson River;

4. ortho removal — shown in unacclimated pond sedument.

It must be noted that the incidence of the first three classes far outweighs that of the
fourth, which was only recently shown using 2356-tetrachlorobiphenyl (Van Dort
and Bedard, 1991). The frequency of dechlorination (meta > para > ortho) follows
that suggested by Tiedje ef al. (1993) in their review of reductive dechlorination. The
ability to distinguish between populations able to dechlorinate PCBs was first shown
by Ye et al. (1992). Using Hudson River sediments, they demonstrated that heat- or
ethanol-treated samples, for enrichment of spore formers, did not produce methanol
and preferentially removed meta chlorines. Untreated samples removed both mera
and para chlorines, showing that sediment treatment eliminated the population
responsible for para dechlorination.

The range of congeners that may be degraded by the anaerobic populations cannot
easily be predicted, although there appears to be some dispute between workers in the
area. Quensen, Boyd and Tiedje (1990) suggested that dechlorination occurs only
with up to heptachlorinated substitutions, whereas Abramowicz (1990Q) favoured the
dechlorination of octachlorinated biphenyls. In our view, a threshold is unlikely to
exist considering the phenotypic diversity of microbial populations outlined above. It
is clear, however, that as the degree of chlorination increases, so does the probability
of reductive dehalogenation. Moreover, as the proportion of mono- and dichlorinated
biphenyls increase, the role of anaerobes is reduced.

From a toxicology standpoint, the dechlorination of meta and para chlorines is very
advantageous, It will be recalled that the most toxic PCB congeners (34-34, 345-34
and 345--345) are those which are co-planar, possessing no ortho chlorines. These
congeners are structurally similar to 2378-tetrachlorodibenzo-p-dioxin and exhibit
dioxin-like toxicity. They are a central target for the anaerobic degradative mecha-
nisms and conseguently their removal leads to risk reduction. Those possessing ortho
chlorines have not been extensively tested, but it is suggested in the review by Tiedje
et al. (1993} that overall toxicity has been demonstrably reduced using both toxicity
bioassays (Giesy, Jones and Mora, 1992, unpublished, quoted by Tiedje et al., 1993)
and by congener-specific tandem gquadrapole mass spectrometry (Quensen et al.,
1992). However, despite the conclusion drawn by Tiedje ef al. (1993), we believe
more extensive toxicological testing is required in this area because it is quite clear
that ortho-enriched congeners are a major component of commercial Aroclors, with
Aroclor 1242 containing > 85% ortho-substituted congeners.

More than 50 organochlorine compounds have been shown to be reductively
dechlorinated (Tiedje er al., 1993). It is widely believed that anacrobes, from
whichever environment, utilize chlorine as the terminal electron acceptor, with the
addition of the electron to the aryl carbon—chlorine bond. Subsequently, the chloride
is lost and hydrogen is abstracted. Of the potential primary electron donors (water,
hydrogen or unspecified organic compound), Nies and Vogel (1991) provided
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evidence that the proton source was water. Using a deuterium label, the authors
showed that the dechlorination of 23456-pentachlorinated biphenyl was concomitant
with the incorporation of the label. However, other sources of reducing equivalents
should not be discounted. Krone er al. (1989) have shown that vitamin B,,, aknown
hydride-transfer agent, can catalyse the reductive dechlorination of certain
chloromethanes. Mohn and Tiedje (1992) offered several possible routes to reductive
dechlorination and concluded that direct electron addition and nucleophilic attack is
involved. This could involve transition metal-containing coenzymes, hydride ions or
NADH.

Chlorobenzoates

Chlorobenzoates are the most noted intermediates in the aerobic degradation of
polychlorinated biphenyls. In many ways they also mirror the degradation of the
parent compounds, with a diversity of mono-, di- and trichlorinated congeners
possible. However, unlike the parent compounds (PCBs), it may be argued that they
are of more impertance in that the problems presented by individual congeners are
magnified as they are channelled towards fewer central chlorinated intermediates.

The anaerobic degradation of chlorobenzoates was first shown by Horowitz,
Suflita and Tiedje (1983) and Suflita, Robinson and Tiedje (1983). The Iatter studied
the reductive dehalogenation of halobenzoates and demonstrated that a methanogenic
consortium from sludge was able to dehalogenate iodo-, bromo- and chlorobenzoates,
but not fluorobenzoates, and showed a specificity towards the meta position of
chiorobenzoate. Shelton and Tiedje (1984) isolated, and DeWeerd et al. (1990)
characterized an organism, Desulfomonile tiedje strain DCB1, from this consortium,
which has become a benchmark in the field of reductive dehalogenation of aromatic
compounds. With this bacterium as the key dechlorinating organism, a defined 3-
chlorobenzoate-degrading methanogenic consortium was constructed and shown to
be able to grow with 3-chlorobenzoate as the sole carbon and energy source (Doifing
and Tiedje, 1986). This finding established the fundamental precedent and underly-
ing biochemical mechanism, which showed that micro-organisms can grow using
chlorinated substrates as their sole electron acceptor. In the consortium, H, was the
source of reducing equivalents and the sole function of D. tiedje was to furnish
benzoate from 3-chlorobenzoate. It must be stressed that no energy-yielding reactions
other than reductive dechlorination are known for this organism, leading to the
conclusion that D. tiedje DCB] is able to conserve energy from the dechlorination
reaction (Dolfing and Tiedje, 1987). More recently, the isolate was used in axenic
culture to show that (1) the cell yield was higher with 3-chlorobenzoate than with
benzoate, and (2) the level of ATP was higher in 3-chlorobenzoate-metabolizing cells
compared with berzoate-metabolizing cells (Dolfing, 1990; Mohn and Tiedje, 1990).
Having established the precedent, much research has focused on the ubiquity of
micro-organisms able to utilize chlorinated organics as electron acceptors in anaero-
bic environments. Despite theoretical studies (Dolfing and Harrison, 1992} which
have established the potential of chloroaromatics to serve as electron acceptors, we
are unaware of any other pure isolates that have been proven to derive energy in a
manner analogous to D. riedje DCB1.

As with polychlorinated biphenyls, the characterization of anaerobic
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chlorobenzoate-degrading microbial consortia has lagged behind the establishment
of reproducible precedents for site and congener-specific dechlorination. Gerritse,
van der Wande and Gottschal (1992) have shown ortho dechlorination, and have
outlined some of the arbiters of dechlorination. Although the ortho and para positions
might be expected to be most susceptible to dechlorination, the presence of the
carboxy! group favours the following order of dechlorination (meta > ortho > para).
Despite this generality, ortho dechlorination is by no means commeonplace. Gerritse,
van der Wande and Gottschal {1992) have shown ortho dechlorination, but this was
achieved at the expense of long incubation times (50% dechlorination of 246~ to 24-
dichlorobenzoate took 400 days). Moreover, this consortiumn was unable to further
dechlorinate monochlorinated benzoates. These findings further illustrate the
specificity of individual consortia and potentiate the belief that predictive ground-
rules will be very difficult or impossible to formulate.

Chlorocatechols

Surprisingly, very little research appears to have been done on the anaerobic degra-
dation of chlorocatechols. This may, in part, be due to the reliance on aerobic
mechanisms of degradation for this class of compounds. Alternatively, in the context
of PCB biodegradation, it may be expected that reductive, or other methods of
dechlorination, will precede the incorporation of dioxygen into the aromatic nucleus.
This would yield mono- or dichlorocatechols, thus restricting the opportunity to
utilize anaerobes for their degradation. As with PCBs and chlorobenzoates,
metabolically stable enrichment cultures are isomer specific. Allard et af. (1991) have
studied microbial consortia from the Gulf of Bothnia and the Baltic Sea (Neilson er
al., 1987, 1988). A systematic examination of all possible chiorocatechols with a
range of anaerobic consortia revealed that certain chlorocatechols (3,4; 3,6 and 3,4,6)
were resistant to dechlorination under the test conditions. Moreover, even for the
chlorocatechols which were dechlorinated, differences in both the rate of reaction and
yield were observed. In the longer term, two further pitfalls in the use of these
consortia were suggested: (1) over several years the rate of dechlorination was
substantially reduced; and (2) the products of certain dechlorinations were altered.
In conclusion, it can be seen that the anaerobic degradation of chloroaromatics has
received substantial attention. However, it must be concluded that the fate of PCBs,
chlorobenzoates and chlorocatechols, under anaerobic conditions, cannot at present
be resolved on a general and rational basis. Apart from the obvious environmental
factors (pH, temperature, nutrient availability, bioavailability and presence of co-
contaminanis} several determinants are common to each class of compound:

1. The rate of anaerobic dechlorination is often, but not always, a function of the
number and position of the chlorine atoms.

2. The concentration of the aryl chloride may determine the acclimation period
{PCBs are very slowly degraded at < 50 p.p.m. compared with 100-1000 p.p.m.).

3. Consortia are often undefined and uncharacterized and inextricably associated
with the matrix from which they originate.

4. Consortia are isomer/congener specific.

It is difficult to attribute the level of importance of each of the above and to
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understand their interactions. However, it is clear that each contributes to the
acclimation period. A specific study of this process, using chlorobenzoates as target
compounds, has shown that the acclimation period is inversely refated to the subse-
quent rate of dehalegenation (Linkfield, Suflita and Tiedje, 1989), These authors
identified induction, genetic change, diauxy and the selection of a rare population as
possible explanations. Ultimately, the authors identified induction as the most likely
arbiter, in the system they studied, but it seems equally feasible that the other factors
have a role to play in other cases.

AEROBIC BIODEGRADATION OF PCBS AND THEIR INTERMEDIATES

There have been many reports of aerobic microbial degradation of PCBs. However,
itis hard to find evidence of single species that utilize individual, or mixtures of, PCB
congener(s} as the sole source of carbon for growth. It is essential when studying PCB
biodegradation to distinguish between degradation, which can refer to any single or
multi-step bioconversion of the PCB molecule, and mineralization, which refers 1o
the complete utilization of the PCB substrates to give biomass, carbon dioxide and
chloride.

Aerobic PCB metabolism, whether or not it leads to mineralization of the substrates,
is often based on the well-documented pathway for biphenyl catabolism. Before
discussing the various routes of microbial PCB metabolism in any detail, it is useful
to describe the overall route by which biphenyl is assimilated by bacteria. The
bipheny! degradation pathway, shown in Figure 3, can be considered to consist of an
upper pathway, for the oxidation of biphenyl to benzoic acid, and a lower pathway,
by which benzoic acid is mineralized via oxidation to catechol.

The upper pathway has been demonstrated in a number of bacterial species (Lunt
and Evans, 1970; Catelani, Sorlini and Trecanni, 1971; Catelani et ., 1973: Gibson
etal., 1973} and is known to be the result of the action of four enzymes; biphenyl 2,3-
dioxygenase, an NAD*-dependent dihydrodiol dehydrogenase, 2,3-dihydroxybiphenyl
dioxygenase and 2-hydroxy-6-oxo-6-phenylhexa-2,4-dienoic acid (HOPDA) hydro-
lase. The action of this last enzyme produces benzoic acid and a five-carbon
hydroxy-acid which is thought to be mineralized via the corresponding keto-acid.

In the lower pathway, benzoic acid is mineralized via oxidation to form catechol.
Catechol is a central intermediate in the microbial degradation of aromatic com-
pounds, and is readily catabolized via the meta- or ortho-cleavage pathways (Dagley,
1978).

Co-metabolism of PCBs by biphenyl degrading bacteria

In a number of bacterial strains, the enzymes of the upper pathway for biphenyl
degradation have a sufficiently broad substrate specificity to accommodate the
oxidation of many PCB congeners. The great majority of reports concerning acrobic
bacterial PCB degradation involve co-metabolism of certain PCB congeners by cells
growing or pre-grown on biphenyl. This process was first recognized by Ahmed and
Focht (1973) who described the degradation of mono- and dichiorobiphenyls to the
corresponding chlorobenzoates by two species of Achromobacter. The co-metabo-
lism of PCBs by bacteria expressing the upper biphenyl degradation pathway has
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Figure 3. The upper pathway for (a) bacterial bipheny! catabolism and (b) co-metabolism of PCBs by
bacteria grown with bipheny! as the sole source of carbon. (i) biphenyf 2,3-dioxygenase; (i) dihydrodicl
dehydrogense; (i} 2,3-dihydroxybiphenyl dioxygenase; (iv) 2Z-hydroxy-6-0x0-6-phenylhexa-2 4-dienoic
acid hydrolase. Co-metabotism of PCBs rarely proceeds beyord the formation of chlorobenzoates.

since been extensively investigated, particularly by Furukawa, and by the General
Electric Company, New York.

Furukawa and co-workers have published a number of studies into the co-
metabolism of PCBs by Alcaligenes sp. strain Y42 and Acinetobacter sp. strain PO,
which were originally isolated by enrichment culture using biphenyl and 4-
chlorobiphenyl, respectively, as the sole source of carbon for growth and energy
{Furukawa, Matsumura and Tonomura, 1978; Furukawa, Tonomura and Kamibayashi,
1978; Farukawa, Tomizuka and Kamibayashi, 1979). In these experimenis, the
bacteria were pre-grown using biphenyl or 4-chlorobiphenyl as the sole source of
carbon before being challenged with a range of 36 PCB congeners. Of these, a total
of 23 compounds were metabolized by Alcaligenes sp. strain Y42 and 33 by
Acinetobacter sp. strain P6. A number of correlations were obtained between PCB
structure (number and position of chlorine substitutions) and biodegradability, which
can be summarized as follows:

1. Degradation decreased as the degree of chlorination increased.

2. 2,2 and 2,6-chlorinated congeners exhibited a striking resistance to degradation.

3. Congeners possessing chlorine substitutions on both rings were less susceptible
to degradation than those having the same number of chlorines on a single ring.

4. Ring fission occurred preferentially on the less- or non-chlorinated ring.

5. The formation and stable accumulation of a yellow meta-cleavage product was
always observed in the degradation of 4'-chloro substituted congeners.
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The routes of degradation of the congeners studied were generally analogous fo the
upper pathway for biphenyl catabolism, with most of the congeners being metabo-
lized no further than the corresponding chlorobenzoates, and several different
metabolites accumulated, as described in Table 5. The mineralization of the PCBs was
not observed. It was notable that the co-metabolism of 2.3,2'.3- and 2,3,2".5-
chlorobiphenyls resulted in the accumulation of large amounts of unidentified
dichlorinated metabolites.

Table 5. Seme of the metabolites that can accumulate from the co-metabelism of PCBs by bacteria

Metabolites accumulated Typical congeners forming the metzbolites
Unidentified chlorinated compounds 22 -Substituted tetra/penta-chiorobiphenyls
Trihydroxyfated compounds 2'-Substituted trichlorobiphenyls
Chlerinated mera-cleavage products (HOPDA)  4'-Substituted congeners

Chlorinated benzoic acids Many congeners

Chlorinated acetophenones 4-Chlorobipheny!, congeners with 3-* 2.5- or

2.4.5-chlorephenyl rings

Data compiled from Furukawa, Tomizuka and Kamibayashi ( 1979), Bedard e al. (1987a,b), Barton and Crawford (1988}
and Bedard (1990},

The General Electric Company, New York, has reported the results of many studies
using co-metabolic degradation of PCBs by bacteria grown on biphenyl. This group
has isolated two strains, Alcaligenes eutrophus strain H850 and Pseudomonas sp.
strain LB400, both of which have the ability to co-metabolize a particularly broad
spectrum of PCB congeners (Bedard e al., 1986, 19874, b; Bopp, 1986). In compari-
son with the organisms studied by Furukawa, both of these bacteria have a superior
ability to degrade ortho-substituted chlorophenyl rings, This is particularly notewor-
thy, as 2-; 2,4-; 2,5-; 2,3,6- and 2.4,5-chlorophenyl rings are found on many of the
congeners present in commercial PCB mixtures (Bedard, 1990). In addition, these
strains have only a very limited ability to degrade 4'-substituted congeners. On the
basis of these resulis, Bedard e al. (1987b) and subsequently Nadim e al. {1988)
proposed the presence of an additional 3,4-dioxygenation activity in these strains.
3,4-Dioxygenation results in the formation of the corresponding 3,4-dihydrodiol
which cannot be dehydrogenated by these organisms. This compound undergoes a
second 3,4-dioxygenase attack on the other chlorophenyl ring to generate a bis-3,4-
diol which accumulates (Nadim er /., [988).

An additional property of A. eutrophus H850 and Pseudomonas sp. strain LB400
is that in both organisms the biphenyl 2,3-dioxygenase can, and may even show a
preference for, attack at an ortho-chlorinated carbon (Bedard, 1990). It is proposed
that in this reaction, instead of forming a dihydrodiol, a chloride ion is spontaneously
lost from an wnstable intermediate to form a dihydroxychlorobiphenyl, which is a
normal intermediate in the upper chiorobiphenyl pathway.

It is not yet certain whether the ability of bacteria such as A. eutrophus H850 and
Pseudomonas sp. strain LB400 to degrade a wide range of chlorinated biphenyls is
due to the action of a single broad-specificity dioxygenase or two different enzymes,
conferring a 2,3- or 3,4-dioxygenation, respectively. It does appear, however, that
only one enzyme may be responsible. Gibson et al. (1993) have reported that
homogeneous preparations of the oxygenase component of the Pseudomonas sp.



Bioremediation of PCBs 163

strain LB400 biphenyl dicxygenase system oxidize 2,5,2',5"-tetrachlorobiphenyl at
the 3,4-position. Further, attempts by Mondello (1989) to demonstrate the presence of
more than one biphenyl dioxygenase in Pseudomonas sp. strain LB400 were not
successful. Whether or not one enzyme can be responsible for the different types of
dioxygenase attack, it is clear that different classes of dioxygenase activity do exist.
Bedard and Haberl (1990} proposed that the bacterial strains studied by the group at
General Electric represent four distinct classes of PCB dioxygenase activity.

The genes encoding for enzymes of the upper PCB degradative pathway have been
isolated from a number of bacteria and cloned (Furukawa and Miyazaki, 1986; Khan
and Walia, 1989; Mondello, 1989; Hayase, Taira and Furukawa, 1990). Yates and
Mondello {1989) conducted DNA-DNA hybridization experiments, comparing genes
encoding PCB-degradative enzymes from several PCB-degrading strains. These
genes were found to be closely related in A. eutrophus strain H850 and Pseudomonas
sp. strain LB400, but genetically distinct from the six other strains tested. Strong
conservation of restriction sites in these organisms was only found in the region of
DNA encoding PCB degradation; no other sequence similarities were detected
between the two genomes. Comparison of PCB-degradative genes (designated bph A,
B. C and D, encoding biphenyl 2,3-dioxygenase, biphenyl dihydrodiol dehydroge-
nase, 2,3-dihydroxybiphenyl dioxygenase and 2-hydroxy-6-oxo-6-phenylhexa-
2, 4-dienoic acid (HOPDA) hydrolase, respectively} at the nucleotide-sequence level
has revealed a high degree of conservation between different species (Furukawa,
Arimura and Miyazaki, 1987; Furukawa et al., 1989; Kimbara e ¢/., 1989; Peloquin
and Greer, 1993). These genes are chromosomally encoded, and it is not clear whether
sequence homologies have arisen by DNA transfer or whether the organisms share a
common phylogenetic origin.

Metabolites formed by PCB co-metabolism

The degree of PCB removal that can be obtained by co-metabolizing bacteria growing
with biphenyl supplied as a source of carbon and energy is undeniably impressive.
Indeed, Unterman et al. (1988) reported that treatment of Aroclor 1242 with a
combination of Coryrebacterium sp. strain MBI and Pseudomonas sp. strain LB400,
representing two different classes of PCB dioxygenase, resulted in some degradation
of almost all congeners in the Aroclor mixture.

The scheme for PCB degradation outlined above, in which PCBs are co-metabo-
lized by a pathway analogous to the upper pathway for biphenyl degradation, is very
much a simplified overview. In fact, resting-cell experiments by many workers have
demonstrated that a large number of different chlorinated metabolites are produced
using this approach. The types of products that can accumulate are largely independ-
ent of the bacterial strain used, and are determined primarily by the chlorine
substitution pattern of the reacting ring (Bedard and Haberl, 1990). One way around
this problem may be to adopt the use of mixed cultures of PCB-degrading bacteria.
However, Bedard and Haberl (1990) concluded that despite the presence of different
classes of PCB dioxygenase, the specificities of the enzymes required for further
degradation were similar in eight different strains studied, Hence it is not surprising
that, in addition to chlorinated benzoic acids, chlorinated dibhydroxybiphenyls and
chlorinated HOPDA are major products of PCB co-metabolism.
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In addition to the chlorinated intermediates from the upper chlorobiphenyl path-
way, a number of other products accumulate from PCB co-metabolism. As reported
above, accumulation of the corresponding bis diol results from 3,4-dioxygenation of
PCBs. Barton and Crawford (1988) reported the generation of large quantities of 4-
chloroacetophenone by Pseudomonas sp. MB86 when grown with 4-chlorobiphenyl
as the sole source of carbon and energy. This compound was believed to be a dead-
end metabolite, and growth of the organism was inhibited by the build-up of this
metabolite. Following a detailed study on the degradation of 4-chlorobiphenyl by
Achromobacter sp. strain B-218 and Bacillus brevis strain B-257, Massé er al. (1984)
reported the accumulation of a large number of different chlorinated aromatic acids
in the growth medium. Some of these products were postulated to have been
generated via a 3,4-dihydroxylation of 4-chlorobiphenyl. Other differences in these
minor degradation products were thought to be due to reduction of one or both double
bonds in HOPDA.

Ring-chlorinated acetophenones can also result from 2,3-dioxygenase attack on a
3-chlorophenyl ring (Bedard, 1990), or from attack on a 2,5- or 2,4,5-chlorophenyl
ring of a PCB by a route that has not yet been elucidated (Bedard er al., 1987b). The
degradation of 2,4,6-trichlorobiphenyl by Acinetobacter sp. strain P6, grown with 4-
chlorobiphenyl as the sole carbon source, has been shown to result in the stable
accumnulation of a trihydroxy compound (Furukawa, Tomizuka and Kamibayashi,
1979). In the same paper it was reported that several 2,3-chlorinated PCBs were
readily metabolized by both Acinetobacter sp. strain P6 and Alcaligenes sp. strain
Y42 to give unidentified products.

It can be seen that the use of bacteria able to co-metabolize PCBs, although often
providingahigh degree of PCB removal, is likely to result in the production of anumber
of different, sometimes uncharacterized metabolites. One consequence may be that
accumnulation of these chlorinated aromatic compounds may inhibit the degradation of
PCBs, as has been shown to be the case with chlorobenzoates (Sondossi, Sylvestre and
Ahmed, 1992). When considering the use of this approach for the clean-up of
contaminated sites, the consequences of the potential release of these metabolites must
be a consideration. This can be seen to be even more important when one considers the
farge amount of information that is available about the toxicology of PCBs, whereas the
toxicity of many of the potential products is largely unknown.

Microbial degradation of chlorobenzoates

Degradation of chlorobenzoates represents the lower pathway in the aerobic minerali-
zation of PCBs. Chlorinated benzoates can be degraded aerobically by a number of
routes, involving dechlorination via ring cleavage and lactonization, or by hydrolytic
or oxidative dehalogenation (Reineke and Knackmuss, 1988).

The principle route of aerobic chlorobenzoate degradation involves oxygenation
by benzoate dioxygenase, giving chlorinated 1,2-dihydro-1,2-dihydroxybenzoates.
These products undergo an enzymic dehydrogenation to give chlorocatechols (Reineke
and Knackmuss, 19784, b). Subsequent degradation of the chlorocatechols by ortho
cleavage produces chloromuconates. Lactonization by chloromuconate
cycloisomerases subsequently results in the spontaneous elimination of hydrogen
chloride (see Figure 4).
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Reineke and Knackmuss have studied this route extensively in Pseudomonas sp.
strain B 13. This organism was isolated by continuous enrichment using benzoate, and
subsequently 3-chlorobenzoate, as the sole source of organic carbon (Dorn et al.,
1974). Non-selective dioxygenation of 3-chlorobenzoate gave a mixture of 3-
chlorocatechol (67%) and 4-chlorocatechol {33%). The benzoate dioxygenase from
Pseudomonas sp. strain B13 showed a high degree of substrate specificity, being able
to oxidze benzoate and 3-chlorobenzoate but not 2-chloro- or 4-chlorobenzoate.
Specificity of benzoate dioxygenases has also been reported for enzymes from
Nocardia (Cain, Tranter and Darrah, 1968), Arthrobacter (Horvarth and Alexander,
1970), Pseudomonas fluorescens {Hughes, 1965) and Azotobacter {Walker and
Harris, 1970). Degradation of 3-chlorobenzoate via dioxygenation to chlorocatechol
has also been shown to occur in Psendomonas H1 (Haller and Finn, 1979).

Focht and co-workers have studied chilorobenzoate metabolism extensively, and
have isolated two Pseudomonas strains that are capable of the degradation of a wide
range of chlorinated benzoic acids. Pseudomonas aeruginosa JB2, isolated from a
PCE-contaminated soil, is able to grow with 2-chloro-, 3-chloro-, 2,3-dichloro-, 2,5~
dichloro- or 2.3,5-trichloro-benzoates as the sole source of carbon, with chlorocatechols
as the central intermediates in mineralization (Hickey and Focht, 1990). Pseu-
domonas putida P111 is a particularly versatile strain which was isolated by enrichment
using 2,5-dichlorobenzoate as the sole source of carbon for growth (Hernandez et al.,
1991). This organism is able to use 2-, 3- and 4-chlorobenzoate, 2.3-; 2,4- and 2,3-
dichlorobenzoate and 2,3, 5-trichiorobenzoate as the sole carbon source for growth.
However, growth on all ortho-substituted benzoates was completely inhibited by the
presence of low concentrations of 3,3-dichlorobenzoate. Interestingly, the presence
of this compound resulted in higher yields from cells grown with 3-, or 4-
chlorobenzoate.

It is important to recognize that degradation of compounds via chlorocatechols
must proceed through the modified ortho-cleavage pathway outlined above. Meta
cleavage of chlorocatechols by catechol-2,3-dioxygenases can occur, but results in
the formation of acid chlorides which are highly toxic, causing irreversible inactiva-
tion of the catechol-2 3-dioxygenase (Bartels, Knackmuss and Reineke, [934).
Catechol-2,3-dioxygenases are also susceptible to subsirate inhibition by
chlorocatechols {Klecka and Gibson, 1981).

Oxygenolytic dechlorination of 2-chlorobenzoate is a fortuitous event resuiting
from oxidation by benzoate-1,2-dioxygenases. Oxygen is introduced into the ring
such that an orthe hydroxy group is attached to the same carbon as the chlorine
substituent, Chloride is released spontaneously from the c¢is dihydrodiol. This has
been observed as the first step in the mineralization of this compound by several
bacteria (Zaitsev and Karasevich, 1982; Engesser and Schulte, 1989; Fetzner, Muller
and Lingens, 1989; Sylvestre, Mailhiot and Ahmad, 1989).

Hydrolytic dechlorination has been reported as the principle route in the degrada-
tion of 4-chlorobenzoate. This mechanism results in the formation of
4-hydroxybenzoate, which is readily mineralized by a number of bacteria. This route
has been shown to occur in Acinetobacter sp. strain 4CB 1, which was isolated from
a PCB-contaminated soil by Adriens er al. (1989). It was established that the
dehalogenase enzyme uses water as the hydroxyl donor. 4-Hydroxybenzoate was
oxidized by an NADH-dependent monoc-oxygenase to form protocatechuate, which
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was subsequently degraded by both orthe and meta cleavage. The 4-chlorobenzoate
dehalogenase from Psendomonas sp. strain CBS3 was purified by Elsner ez af. (1991)
and demonstrated {o be a three-component complex. Ring dehalogenation to give 3-
hydroxybenzoate has also been reported as the first step in the degradation of
3-chlorobenzoate by a Pseudomonas sp. (Johnson, Briggs and Alexander, 1972).

Mineralization of chlorobenzoates by co-metabolism and by constructed strains

Although the use of chlorobenzoates as the sole source of carbon for growth by
naturally occurring bacteria appears to be fairly limited, the scope for chlorobenzoate
mineralization can be broadened considerably by exploiting co-metabolic effects and
by the construction of specialized hybrid strains.

The degradation of 3,4-dichlorobenzoate by Acinetobacter sp. strain 4-CB1 was
elucidated by Adriens and Focht (1991}. This organism was unable to use 3,4-
dichlorobenzoate as a sole carbon source for growth. However, cells grown on
4-chlorobenzoate were able to co-metabolize 3,4-dichlorobenzoate via hydrolytic
dechlorination to give 3-chloro-4-hydroxybenzoate. Subsequent degradation of 3-
chloro-4-hydroxybenzoate was accomplished without the requirement for a
co-substrale. Pseudomonas putida strain P111 is able to use 3,5-dichlorobenzoate as
a growth substrate only in the presence of 3- or 4-chlorobenzoate. In this instance, the
monochlorobenzoates induce the formation of a functional dihydrodiol dehydroge-
nase, which is not induced by 3,5-dichlorobenzoate (Hernandez et al., 1991).

Psewdomonas sp. strain JB1, isolated by enrichment using biphenyl as a carbon
source, s able to use benzoic acid as the sole carbon source, but cannot grow with
chlorobenzoates (Parsons ef al., 1988). Benzoate-grown cultures of this organism
were able to degrade 3-chlorchenzoate, and to a lesser extent 4-chlorobenzoate, 3,5-
and 3.,4-dichlorobenzoates. 2-Chlorobenzoate, 2,5- and 2,6-dichlorobenzoate were
not co-metabolized. Analysis of intermediates, although not conclusive, suggested
that co-metabolism of the chlorobenzoates proceeded through meta cleavage of
chlorocatechols. As discussed above, such transformations are likely to be counter-
productive, resulting in production of toxic chloro-2-hydroxymuconate semialdehydes.

Pseudomonas aeruginosa strain JB2, isolated by Hickey and Focht (1990), was
detailed above as a bacterium with a broad chlorobenzoate-degrading capacity.
Although this organism could not use 2,4-dichlorobenzoate as a growth substrate,
cells grown on benzoate could effect the mineralization of this compound.

The growth spectrum of Pseudomonas sp. strain B13 was extended considerably
by introduction of the TOL plasmid from Pseudomonas putida strain mt-2, which
encodes a broad specificity benzoate-1,2-dioxygenase (Reineke and Knackmuss,
1979). Exconjugants were prepared by combining donor and recipient cultures on a
filter and subsequent selection on 4-chlorobenzoate agar plates. The resultant strains
were able to utilize 4-chloro- and 3.5-dichlorobenzoates. In Psendomonas sp. strain
B13 and its derivative strains, chlorocatechols are assimilated by an ortho-cleavage
pathway requiring the induction of one of two sets of enzymes, depending on the
position of chlorine substitution. Hence 3-chlorobenzoate-grown cells possess both
pyrocatechase type I (the ring fission enzyme normally induced by catechol} and the
iso-functional pyrocatechase type I, which has a high activity with chlorosubstituted
catechols, In cells grown with 4-chlorobenzoate as the sole source of carbon,
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induction of the type 1I pyrocatechase is proportionally much higher (Reineke and
Knackmuss, 1980).

The degradative capacity of Pseudomonas sp. strain B13 was extended to include
2-chlorobenzoate by Hartmann er al. (1989). The 3-methylsalicylate-degrading
bacterium, Pseudomonas sp. sirain WR401 (Engelberts, Schmidt and Reineke, 1989)
was mated with Psendomonas sp. strain B13 to obtain transconjugants able to grow
with 5-chlorosalicylate as the sole source of carbon and energy. Subsequent selection
and adaption led to the isolation of strains able to mineralize 2-chlorobenzoate.

Microbial degradarion of chlorinated acetophenones

The build-up of chlorinated acetophenones poses a potential problem in PCB
bioremediation, as these compounds are toxic, and can inhibit the growth of PCB-
degrading bacteria (Barton and Crawford, 1988; Havel and Reineke, 1993a).

Acetophenone is readily degraded by bacteria. The mineralization of acetophenone
by an Arthrobacter sp. was investigated by Cripps (1975), and shown to occur
through a reaction equivalent to the Baeyer—Villiger oxidation, giving phenyl acetate
which was further degraded via phenol and catechol. This organism was unable to use
chlorinaied acetophenones as a carbon source for growth. Degradation of acetophe-
none by a Nocardia sp. was shown to occur by the same route (Cripps, Trudgill and
Whateley, 1978). Little is known, however, about the degradation of chlorinated
acetophenones, Higson and Focht (1990) showed that all monochlorinated
acetophenones and 2,4- and 2,5-dichloroacetophenones can be degraded by an
Alcaligenes sp., grown with acetophenone as the sole source of carbon. Degradation
proceeded via an analogous Baeyer—Villiger type oxidation, giving chlorinated
phenyl acetates which were further oxidized to the corresponding chlorophenols.
Some degree of chloride release was observed with each substrate, suggesting that
mineralization did occur. Ortho-chlorinated acetophenones were dehalogenated to a
far lesser extent that other isomers. None of the chloroacetophenones supported
growth of this organism, due to either feedback inhibition by chlorophenol or a lack
of induction of the Baeyer—Villiger oxygenase.

In the only available report of microbial growth on, and mineralization of, a
chlorinated acetohenone, Havel and Reineke (1993a) described the isolation and
characterization of a mixed culture which was able to mineralize 4-chloroaceto-
phenone, The culture consisted of an Arthrobacter species and a Micrococcus
species. Arthrobacter sp. strain MS was capable of the mineralization of 4-chioro-
acetophenone only under very carefully controlled conditions of substrate supply.
This was due to the toxic effects of 4-chlorophenol which rapidly accumulated in the
medium. The function of Micrecoccus sp. strain Bl was to rapidly remove 4-chloro-
phenol formed by the Arthrobacter sp. Resting-cell experiments suggested that
Arthrobacter sp. strain M3 might be able to grow with other chlorinated acetophenones
if grown in co-culture with a bacterium capable of mineralization of the correspond-
ing chlorophenols. These experiments suggest that the mineralization of these PCB
metabolites may require a delicate control of conditions that could be difficult to
achieve in environmental samples. Further complications may arise from the stable
accumnulation of chloro-1-phenylethanols which were reported to result from the
reduction of the ketone.
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Mineralization of PCBs by micro-organisms

Athough bacteria able to use biphenyl as the sole source of carbon for growth are
ubiquitous, no polychlorinated biphenyl has been shown to support the growth of a
naturally occurring micro-organism in pure culture. Indeed, Focht (1993) suggests
that bacteria that use PCBs as sole carbon sources probably do not exist in nature. The
only chlorobiphenyl that has been reported to support the growth of naturally
occurring micro-organisms in pure culture is 4-chlorobiphenyl. Growth on 4-
chiorobiphenyl appears to be usually limited to breakdown of the non-chlorinated
ring, with the corresponding accumulation of 4-chlorobenzoate. This has been shown
in Achromobacter (Ahmed and Focht, 1973; Massé ef al., 1984), Pseudomonas sp.
{Barton and Crawford, 1988), Acinetobacter sp. (Furukawa, Tonomura and
Kamibayashi, 1978) and Bacillus brevis (Massé ef al., 1984). It is also worth noting
that the five-carbon hydroxy-acid resulting from fission of the non-chlorinated ring
has not been isolated from cultures, and its degradation has not been unequivocally
established.

Shields, Hooper and Sayler (1985) isolated strains of Alcaligenes and Acinetobacter
species from a mixed culture degrading monochlorinated biphenyls. Both strains
harboured a plasmid encoding the complete pathway for mineralization of 4-
chlorobiphenyl, which was degraded via 4-chlorobenzoate. Mineralization was
demonstrated by measurement of “CO, production from U-"“C-4-chlorobiphenyl.

Some mineralization of lower-chlorinated biphenyls by microbial consortia cer-
tainly occurs in the environment. However, only a few PCB-degrading mixed
cultures have been successfully demonstrated in the laboratory. Even with microbial
consortia, mineralization is generally limited to para-chiorinated biphenyls. Chlorin-
ated benzoic acids have a role in regulating bacterial PCB degradation; hence for
significant degradation of PCBs to occur in the environment there is the requirement
for the presence of organisms possessing genes encoding both the upper pathway
(PCB degradation) and the lower pathway (chlorobenzoate degradation). In an
attempted simulation of a natural river environment, Kong and Sayler (1983) showed
that all monochlorinated and monobrominated biphenyls were degraded at low
concentrations. Degradation occurred through the corresponding halogenated
benzoates. However, only in the case of 4-chlorobiphenyl was mineralization demon-
strated. Further work by this group identified a freshwater bacterial consortium which
was able to mineralize both 4-chlorobiphenyl and 4,4'-dichlorobiphenyl, when either
compound was provided as the sole source of carbon (Pettigrew et al., 1990). This
consortium consisted of Pseudomonas festosteroni, which facilitaied the degradation
of 4-chlorobiphenyl and 4,4'-dichlorobiphenyl to 4-chlorobenzoate, and an
Arthrobacter sp., which was able to mineralize 4-chlorobenzoate. The successful
mineralization of these compounds by this consortium depended on the presence of
a third organism, a strain of Pseudomonas putida, for which a role in the consortium
was not established.

Furukawa and Chakrabarty (1982) achieved a 98% release of chloride from 4-
chloro- and 3,5-dichlorobiphenyl by co-culturing Acinetobacier sp. strain P6 with
pseudomonads able to use chlorobenzoates. The mineralization of 3-chlorobiphenyl
has also been achieved by an aerobic bacterial consortium (Fava and Marchetti,
1991). This consortium consisted of two pseudomonads capable of degrading the
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substrate to 3-chlorobenzoate, and a strain of Pseudomonas fluorescens which was
able to co-mineralize 3-chlorobenzoate when supplied with benzoic acid.

Fava et al. (1994) obtained a three-membered bacterial consortivm capable of
mineralizing all three monochlorobiphenyls as well as 2,5-, and 3,4-dichlorobiphenyl
when cultured in shake-flasks. Significant degradation and dechlorination of several
other di- and trichlorinated biphenyls was also cbserved. Pseudomonas sp. strain CPE1
was isolated from this co-culture and its ability to mineralize 4-chlorobiphenyl was
demonstrated when supplied as the sole carbon source in pure culeure. Degradation was
routed through 4-chlorobenzoic acid. Mineralization was demonstrated by the meas-
urement of near-stoichiometric amounts of chloride released into the medium.

With the development of specialized strains able to effect the mineralization of
several chlorinated benzoic acids, it is theoretically possible to devise co-cultures able
to mineralize lowly chlorinated PCBs. However, Havel and Reineke (1991) demon-
strated that the stability of co-cultures of chlorobiphenyl- and chlorobenzoate-
degrading strains can be difficult to achieve. Pseudomonas sp. strain B13 was
cultured with biphenyl-degrading isolates and incubated in the presence of 3-chloro-
biphenyl. Chloride release was never greater than 50% due to the inhibitory effect of
black-coloured products that accumulated in the medium. The build-up of black-
coloured products, which has been investigated more fully by Haller and Finn (1979)
was due to an accumulation of chlorocatechols, which undergo auto-oxidation to give
chloroquinones which readily polymerize. For the same reason, no greater than 20%
chloride release was attained with co-cultures theoretically able to completely miner-
alize 2-chlorebiphenyl.

PCB biodegradation by fungi

Dmochewitz and Ballschmiter (1988) demonstrated that Aspergillus niger is able to
degrade the lower-chlorinated PCBs present in Clophen A30 (a commercial PCB
preparation equivalent to Aroclor 1242}. Aroclors 1254 and 1260 were not degraded.
Para-chlorination appeared to inhibit attack; 4,4'-dichlorination essentially prevent-
ing attack by the fungus.

Phanerochaete chrysosporium has been shown to degrade many PCBs. 1t is
believed to utilize the same enzymes involved in lignin degradation. Dechlorination
of PCBs is thought to occur via the production of hydroxy radicals. Phanerochaete
chrysosporium mineralizes highly chlorinated congeners and Aroclor 1254 (Bumpus
et al., 1985, 1988); however, only very low PCB concentrations can be tolerated (e.g.
250 p.p.b. Aroclor 1254; 5.5 p.p.b. 3,4,3' 4'-chlorobiphenyl). Eaton (1985) reported
7% mineralization of Aroclor 1254 (0.3 p.p.m.} after 22 days’ incubation with
nitrogen-limited cultures of P. chrysosporium. Sustained rates of degradation require
the addition of complex carbohydrate carbon sources (Bumpus ez al., 1988). Another
limitation to the use of this organism is that growth is unlikely to occur at temperatures
below 15°C (Lamar et al., 1988; Viney and Bewley, 1988). The successful applica-
tion of this white-rot fungus to PCB degradation will require demonstration of activity
at much higher concentrations than those reported to date.

CONSTRUCTED STRAINS

The development of individual strains possessing both the upper (chlorobiphenyl)
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and lower (chlorobenzoate) pathways has been achieved by a number of workers, and
may offer the greatest opportunities for PCB degradation. This approach has a
number of potential advantages over the use of mixed cultures. In a co-culture system,
the organism responsible for the oxidation of PCBs to chlorobenzoates derives no
carbon or energy from the process and requires either another carbon source or must
successfully compete with other bacteria for the water-soluble five-carbon acid
released from ring cleavage. Furthermore, the requirement for the addition of
biphenyl as a substrate to initiate and maintain activity can be obviated if the organism
can also assimilate carbon from chlorobenzoate degradation.

A number of workers have used the principles of in vivo genetic exchange to
construct strains able to mineralize monochlorinated biphenyls when grown on these
compounds as the sole source of organic carbon. Much of this work can be regarded
as an extension of the development of chlorobenzoate-degrading organisms detailed
earlier in this report. Mokross, Schmidt and Reineke (1990) obtained a number of 3-
chlorobiphenyl-degrading bacteria by mating P. putida strain BNI0Q and Pseudo-
tnonas sp. strain B13. Pseudomonas putida strain BN10 was isolated for its ability to
mineralize biphenyl and to convert 3-chlorobiphenyl to 3-chlorocatechol. Mating
with strain BI3, which is able to transfer 3-chlorobenzoate-degradative ability to
other pseudomenads (Reineke er al., 1982), produced P. putida BN210, which
mineralized 3-chlorobiphenyl when grown with this compound as the sole source of
organic carbon. Growth of this organism on 3-chlorobiphenyl induced the following
enzyme activities; phenyl catechol-2,3-dioxygenase, benzoate dioxygenase, catechol
-1,2-dioxygenase, chloromuconate cycloisomerase and 4-carboxymethylenbut-2-en
-4-olide hydrolase. This organism grew on 2- or 4-chlorobiphenyl, with accumulation
of the corresponding chiorobenzoate.

Using similar techniques, this group has also obtained a hybrid strain of P. cepacia
(JHR22) that mineralized 2-, 3- or 4-chlorobiphenyl and 2,4- or 3,5-dichlorobiphenyl
when grown with any of these compounds as the sole source of carbon (Havel and
Reineke, 1991). To a large extent, use of this hybrid strain overcame the problem of
black-coloured products that were found in co-cultures. Growth with 4-chlorobiphenyl
resulted in only 50% chloride release, and the formation of 50% 4-chloro-
dihydrodihydroxybenzoate. The organism was able to tolerate high concentrations of
4-chlorobiphenyl. Stoichiometric chloride release from 2-chlorobiphenyl was ob-
served when this substrate was supplied in low concentrations, but growth was
inbibited by the formation of black-coloured products when concentrations greater
than 4 mM were provided in the medium. Pseudomonas cepacia JHR22 was also able
to grow with the commercial PCB mixture Aroclor 1221 as the sole source of carbon,
with corresponding mineralization of several congeners.

Another approach to obtaining hybrid organisms able to mineralize chlorinated
biphenyls is the use of multi-chemostat enrichment. By this process, Adams et al.
(1992) constructed a 3-chlorobiphenyl- mineralizing recombinant (Pseudomonas sp.
strain CB15) by intergenic mating of a biphenyl utilizer and a chlorobenzoate utilizer.
The accumutlation of coloured products from polymerization of chloroquinones was
noted in these cultures. Combination of the upper and lower pathways in this single
strain allowed some interesting studies on inhibition of the enzymes responsible for
ring cleavage in both pathways. 3- Chlorocatechol was found to be a potent inhibitor
of 2,3-dihyroxybiphenyl dioxygenase, causing 98% inhibition when present at a
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concentration of 0.33 mM. Similarly, 2,3-dihydroxybiphenyl was found to competi-
tively inhibit the ortho fission of chlorocatechol. 2,3-Dihyroxybiphenyl dioxygenase
was also subject to substrate inhibition.

This group also obtained an organism that mineralized 2-chloro- and 2.5-
dichlorobiphenyl by mating P. aeruginosa strain IB2, which mineralizes
chlorobenzoates, with Arthrobacter sp. strain BlBare, which degrades 2-
chiorobiphenyl to 2-chlorobenzoate (Hickey, Brenner and Focht, 1992}). In contrast
to the hybrid strains obtained by Reineke and co-workers, this strain, P. aeruginosa
strain UCR2, spontaneously lost the ability to mineralize 2-chlorobiphenyl when
cultured in the absence of 2-chlorobiphenyl or 2-chlorobenzoate, instead accumulat-
ing near-stoichtometric amounts of 2-chlorobenzoate from 2-chlorobiphenyl. Genetic
analysis was not successful in demonstrating the genetic events involved during strain
construction, and suggested that the pathway by which strain UCR2 was derived was
more complex than a single unilateral genetic exchange.

APPLICATION OF BIODEGRADATION TO THE CLEAN-UP OF PCB-CONTAMINATED SOILS
AND SEDIMENTS

Given the range of microbial processes leading to PCB degradation (anaerobic
reductive dechlorination, co-metabolism by cells grown on biphenyl, mineralization
of 4-chlorobiphenyl, the development of constructed strains and fungal dechlorina-
tion), one might expect that bioremediation of PCB-contaminated sites was a feasible
option. This may prove to be the case, but to date no truly successful PCB bio-
remediation process has been demonstrated. In the preceding discussion we have
shown that anaerobic reductive dechlorination of higher-chlorinated PCBs results in
the accumulation of predominantly mono-, di-, and tri-chlorinated congeners, and
that these lowly chlorinated congeners are more amenable {0 aerobic biodegradation.
Recently, the application of a sequential anaercbic—aerobic process for complete
mineralization of PCBs in environmental samples has been considered.

Any claims to effect the bioremediation of hydrophobic pollutants such as PCBs
must be carefuily examined, as problems arising from sorption to soils or bioreactor
materials, or by leaching, can produce false-positive results. Such difficulties have
been discussed in detail by Shannon and Unterman (1993). Another important factor
in the assessment of bioremediation processes, which we believe tends to be over-
looked in the literature, is the formation of metabolites which may be unidentified,
could be far more mobile (more hydrophilic) than the target compounds, and which
have less-defined toxicological characteristics.

Brunner, Sutherland and Focht (1985} undertook a study to determine likely
methods for the stimulation of PCB biodegradation in soil. Importantly, mineraliza-
tion of PCBs was determined by measuring release of **CO, from [“C]Aroclor 1242
in addition to GC analyses. ["““ClAroclor 1242 was added to soil to a concentration of
100 p.p.m. Over a period of 210 days, improving the nutrient status of the soil by
sludge or straw amendment showed little significant mineralization of Aroclor 1242.
Similarly, incubation under anaerobic conditions had no effect. Inoculation with the
PCB co-metabolizing Acinetobacter sp. strain P6 (Furukawa, Tomizuka and
Kamibayashi, 1979) resulted in significant depletion of the lower-chlorinated conge-
ners from Aroclor 1242, but littie mineralization was observed. Application of
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biphenyl to the soif (3.60 g bipheny! per kg soil} was far more successful and effected
the mineralization of many of the congeners present. This process, whereby a
structurally similar non-chlorinated analogue is used as a growth substrate and to
stimulate co-metabolism of the target molecule(s) has been termed ‘analogue enrich-
ment’. Clearly, the indigenous microbial population was able to co-metabolize PCBs
when the required enzyme activities were induced by growth on biphenyl. This effect
could be stimuolated further by addition of both Acinerobacter sp. strain P6 and
biphenyl. That biphenyl amendment was by far the most important factor was
illustrated by the fact that repeated biphenyl additions immediately increased the rate
of “CO, evolution. '

Researchers at the General Electric Company have performed degradation trials
with PCBs bound to seils using their PCB co-metabolizing strains. Unterman ef al.
(1986) reported initial experiments using soil spiked with Aroclor 1242. Aqueous
buffer and washed cells pre-grown on biphenyl were added to give a soil sturry culture
{10% v/v soil/water). The slurries were incubated with agitation. Using Pseudomonas
sp. strain LB400 and Corynebacterium sp. strain MB1, 95% of 50 p.p.m. Aroclor
1242 was degraded in 24 hours. When the study was repeated by adding solid
bipheny! and inoculating soil shurries with LB4(0 (1% inocutum) the organism grew
well, but significantly less degradation of the PCBs occurred. This contrasts with
studies by Kohier, Kohler-Staub and Focht (1988), who showed that growing cultures
of Arthrobacter sp. strain B1B and Acinetobacter sp. strain PG were far superior to
resting-cell suspensions in terms of the extent of PCB degradation and the range of
congeners that were transformed. Bioremediation was also investigated using soil
from an actual PCB-contaminated site (Unterman ef al., 1983). In this case, cells were
pre-grown using biphenyl but were not washed prior to addition to the soil. By this
means, biphenyl and bacteria were simultaneously added to the soil. The soil was
inoculated three times per week for 15 weeks with Pseudomonas sp. strain LB400
applied to the surface. Significant depletion of PCB congeners only occurred in the
top 1 cm of the soil. When the soil system was also regularly mixed, 35% depletion
of PCB congeners was achieved after 23 weeks. Improtantly, it was noted that the
addition of nutrients and biphenyl alone was sufficient to stimulate some PCB
degradation by the indigenous microflora,

Barriault and Sylvestre (1993) studied the degradation of Aroclor 1242 in soils
using Pseudomonas testosteroni strain B-356. Again, repeated additions of biphenyl
were found to be the most effective way to maintain co-metabolic activity. The viable
cell count of the introduced bacteria remained fairly constant throughout the 3 week
experiment, whereas addition of biphenyl resulted in a large increase in the native soil
population. This demonstrates the need to account for the contribution of the
indigenous population to any effects observed in bioremediation studies, Also noted
was the importance of the bioavailability of the PCBs in determining their degrada-
tion in soil. Inoculation with a biosurfactant-producing strain in addition o P.
testosteroni B-356 and repeated biphenyl additions was the most successful treat-
ment, providing for degradation of approximately 30% of added Aroclor 1242. One
important conclusion from this work was that the accumulation of toxic metabolites
from biphenyl and PCBs inhibit the biodegradation process. Such effects have also
been noted by Sondossi, Sylvestre and Ahmad (1992), with regard to the accumula-
tion of chlorobenzoates and their degradation products. Chlorobenzoates were found
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to inhibit biphenyl and chlorobiphenyl oxidation by P. tesrosteroni B-356; effects
were notable at concentrations of 3-chlorobenzoate of only 160 pM. Chlorocatechols
and muconic semi-aldehydes resulting from chlorobenzoate degradation were also
found to inhibit the HOPDA dehydrogenase in this organism; only 0.5 pM 3-
chlorocatechol was required to inhibit 99% of this enzyme activity. The practical
implications with regard to PCB bioremediation are illustrated in work by Hickey,
Searles and Focht (1993) who demonstrated that PCB mineralization in soils was
enhanced by inoculation with chlorobenzoate-degrading bacteria. Inoculation with
only pseudomonad strains able to mineralize chlorobenzoates was more effective at
stimulating PCB mineralization than inoculation with PCB co-metabolizers or
chlorobiphenyl-mineralizing strains in combination with chlorobenzoate-degrading
strains.

Difficulties with multiple inoculation of soils were also found by Havel and
Reineke (1992). Seil microcosms were inoculated with three bacterial strains which
were theoretically able to mineralize several congeners present in Aroclor 1221. In
pre-sterilized soil, about 70% of the congeners were degraded. However, in non-
sterilized soil 4-chlorobenzoate was metabolized by the indigenous bacteria, giving
toxic metabolites which rapidly inhibited the growth of the introduced strains. Use of
the constructed hybrid strain Pseudomonas cepacia strain JHR22, which was able to
mineralize components of Aroclor 1221 in axenic culture, was more successful
(Havel and Reineke, 1993b). The organism survived in non-sterile soil for several
weeks and mineralized all congeners in Aroclor 1221 which were chlorinated on only
one phenyl ring. The hybrid pathway for PCB mineralization, which criginated from
three different strains was more successful than consortia because 4-chlorobenzoate
was degraded before it accumulated sufficiently to be metabolized to toxic products
by the indigenous soil population.

A range of different approaches to the bicremediation of PCB-contaminated scil
was investigated by Viney and Bewley (1988, 1990). The use of surfactants applied
to the soil to increase the bioavailability of the PCBs was investigated, but all
surfactants examined were shown o have some inhibitory effect on PCB metabolism
by the selected bacteria and fungi. The most effective treatment in large-scale soil
systems (10 kg horticultural sand) involved inoculation with a mixture of bacterial
strains (including A. eutrophus H850, Pseudomonas sp. strain LB400 and Coryne-
bacterium sp. strain MB1 from GEC) and P. chrysosporium. Soil systems were
incubated at 25°C, turned frequently, and received repeated additions of biphenyl and
phosphate-buffered mineral salts. Under these conditions 42% of the total PCB from
Aroclor 1242 was depleted. The more highly chlorinated congeners from this mixture
were not degraded.

Apart from the limitations in the degree of PCB degradation that can be achieved
by exploiting co-metabolism by biphenyl utilizers, it must be recognized that biphe-
nyl is itself fairly insoluble, toxic and costly; the addition of biphenyl to large-scale
soil environments may itself not prove to be feasible. Viney and Bewley (1988)
calculated a biphenyl requirement of 1% (w/w) of the total soil to be treated.

Harkness et al. (1993) conducted a study of the in situ aerobic biodegradation of
PCBs in sediment in the Hudson River. The PCBs present in the Hudson River
sediment at the time of the experiment had previously undergone considerable
transformation, presumably by microbial reductive dechlorination, since their release
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into the river (the date of PCB release is not given). Although the original PCB
mixture was predominantly Aroclor 1242, PCBs in the sediment samples were mainly
mono- and di-chlorobiphenyls (these constitute approximately 9% of the congeners
in Aroclor 1242). Addition of inorganic nutrients, biphenyl and oxygen resulted in the
loss of 35-55% of the PCBs present, with the resultant formation of chlorobenzoates,
over a period of 73 days. Repeated inoculation with a PCB-degrading bacterium (A.
eutrophus strain H850) failed to improve biodegradative ability of the system.
Approximately 50% of the PCBs in the sediment were resistant to degradation due to
their sorption to the organic components of the sediment matrix. In small-scale
laboratory experiments, Anid, Ravest-Webster and Vogel (1993) investigated the
stimulation of aerobic PCB degradation in anaerobic Hudson River sediments by
addition of hydrogen peroxide as an oxygenation agent. Again, the PCB congener
distribution of the sediment indicated that considerable reductive dechlorination had
occurred previously. In this study, Aroclor 1242 was added to the sediment to give a
finat concentration of 300 p.p.m. Sediments were incubated under anaerobic condi-
tions for 70 weeks before oxygenation by addition of hydrogen peroxide. Analysis
demonstrated that the anaerobic treatment reduced the levels of di-, tri-, tetra-, penta-
and hexachlorinated congeners by 11%, 73%, 66%, 73% and 94%, respectively:
correspondingly the amount of monochlorobiphenyls increased by 76%. At the
highest dose of hydrogen peroxide (1.7 g H,O, per litre sediment/water), subsequent
oxygenation resulted in a 95% reduction in the total mass of PCBs present in the
sediment. As no chloride measurements were reported during these experiments it is
not possible to determine the extent to which mineralization of the PCBs occurred.
This group also noted that a certain proportion of the PCBs were resistant to
degradation, and this was attributed to sorption of PCBs on the sediment matrix.

Although it is recognized that the extreme hydrophobicity of PCBs limits their
bicavailability both in soils and aqueous systems, few efforts have been made to
overcome this problem. The hydrophobicity of these compounds may also influence
materials that can be used to construct bioreactors, as the PCBs adhere strongly to a
wide range of surfaces.

The use of surfactants is well established in oil recovery and hydrocarbon degrada-
tion; however, the implications for PCB degradation are not clear. Aronstein and
Alexander (1993) have recently reported that addition of non-ionic surfactants can
enhance biodegradation of bipheny!l and phenanthrene in laboratory soil columns,
even at concentrations lower than those required to desorb the compounds from soil,
suggesting that physiological factors may also be involved. Similarly, Guerin and
Jones (1988} found that the addition of anionic surfactants to liquid cultures of
Mycobacterium sp. strain BG1 enhanced the rate of degradation of phenanthrene, but
also that the order of enhancement did not correlate with increased solubility.
Surfactants have also been shown to enhance significantly ligninase production by P.
chrysosporium (Asther et al., 1987; Lestan er al., 1993). The potential of surfactants
1o facilitate the biodegradation of PCBs merits considerable further attention. Kiu
(1980) found that the rate of degradation of PCBs by Pseudomonas sp. strain 7509
could be enhanced by growing the cells in a stable PCB-ligninsulfonate emulsion.
Biodegradation took place at the PCB-water interface.

There is clearly scope for the use of in vitro DNA manipulation in PCB
bioremediation. Mondello (1989} achieved the expression of the P. putida LB400
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bphABCD genes in Escherichia coli. The recombinant strains were able to effect PCB
degradation in liguid culture without the requirement of growth on biphenyl. How-
ever, £. coli is unlikely to be a suitable host, since this is not a native soil organism and
does not grow readily at ambient temperatures. Lajoie et al. (1993) have recently
exploited genetic engineering techniques in an elegant attempt at overcoming both
the insolubility of PCBs and the need for a growth substrate to allow co-metabolism
of PCBs. Broad-substrate-specificity PCB-degrading genes were cloned from a
naturally oceurring Pseudomonas species into a plasmid (pRK293). The plasmids
were transferred to a host (Pseudomaonas paucimobilis 11GP4) which uses a non-
toxic, water-soluble, non-ionic surfactant as a selective growth substrate. Treatment
of soil contaminated with Aroclor 1242 in the presence of the surfactant (Igepal CO-
720, 1% w/w) with the recombinant strain resulted in the degradation of many PCB
congeners in the absence of biphenyl. The authors proposed that the ability of the
surfactant to enhance the bioavailability of the PCBs could be better exploited in a
soil-sturry bioreactor.

Conclusions

In this chapter we have attempted to discuss ail the factors relevant to the development
of strategies for PCB bicremediation. The rational design of processes for the
degradation of PCBs have been impeded by the very physico-chemical characteristics
which made them attractive chemicals. The extreme hydrophobicity of PCBs and
their high sorption coefficients provide the first obstacle {o degradation, namely the
very low bioavailability of PCBs. Typical bioremediation strategies rely on the target
compounds being at least partially soluble in the aqueous phase in order to employ
conventional biotreatment processes. One option is to pretreat the soil or sediment to
give a PCB-rich liquor. Surfactant or solvent scil washing processes that are efficient,
inexpensive and compatible with microbial PCB degradation have not yet been
demonstrated. While not precluding this approach, it seems unlikely that suitable
surfactants or solvents are available which would permit their use in a bioreactor.
They are likely to be both inhibitory to any microbial population and to create a soil
or sediment which, though PCB free, is unable to be returned to source without further
treatment. The complexity of commercial PCB mixtures, which contained up to 70
congeners, has proved a major obstacle to their biodegradation. Much research hag
consequently focused upon single congeners or defined congener mixtures which are
not representative of real contaminated sites.

The first step in any bioremediation process must be lo consider the nature of the
problem and the desired outcome within the framework of legislative guidelines.
Legisiation varies between countries and it is outside the scope of this chapter to
compare global guidelines for PCBs. However, the situation in the UK serves to
itlustrate several factors. At present we have no system for measuring PCBs in which
the individual congeners are assigned a weighted toxicity equivalent, thus enabling a
standardized total figure to be reported. This has been recommended by the Interna-
tional Council for Exploration of the Sea (DoE, 1994). However, even the projected
ICES guidelines recommend the use of only seven congeners (Ballschmiter numbers
7.28,52, 101, 118, 136, 153 and 180). Each of these are ortho substituted, and thus
co-planar PCBs are not considered, even though it is known that these are the most
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toxic congeners (Safe, 1990). In the UK, guidelines for PCB-contaminated soils and
sediments are presently related to end-use for the particular site. While appreciating
that this is preferable to multifunctionality, target values must be more clearly defined
and be related to potential toxicity.

Whether setting guidelines or attempting to attain them, the validity and reproduc-
ibiity of the analyses is of fundamental importance. We have attempted to present a
review of the methods currently employed, each of which has inherent problems. It is
worth reiterating that validation of results is of primary concern and the findings of
Milby, Miller and Forrester (1985) and Holden (1986) show that even accredited
laboratories are unable to provide reliable determination of PCBs. When this is
coupled to the multiplicity of matrices, the inability to resolve clearly all congeners,
the disproportionality of detector responses and the variety of internal standards used,
it is not surprising that objective criticism of such data is difficult.

When developing bioremediation strategies, and assuming targets are known and
measurable, the major task is to obtain isolates and consortia that are able to degrade,
and ultimately mineralize, PCBs. Mineralization has to be the vltimate target in
remediation sirategies as it obviates further problems caused by known and unknown
breakdown products. To achieve this requires both anaerobic and aerobic micro-
organisms for the reasons explained above. In both cases it seems clear that the origin
of the isolate(s), the congener range, the presence of co-contaminants and the matrix
characteristics are primary determinants of initial attack. Moreover, many of these
determinants are site specific, and this should be borne in mind during laboratory
investigations. Alongside these factors, the findings of key workers in the field have
provided us with invaluable information relating to the microbial catalysts.

By far the least well-understood catabolic route is that which occurs under
anaerobic conditions. Reductive dechlorination of PCBs by either an axenic culture or
consortia free from sediment has never been shown. This has hampered the study of
anaerobic PCB biodegradation and left many questions, such as the role of the
sediment, unanswered. Despite this, it is clear that different consortia can have
different congener specificites and the rate of dechlorination is often a function of the
number and position of the chlorine atoms. One clear trend is that meta and para
dechlorination of PCBs occurs far more frequently than ortheo dechlorination. This is
also true of the ortho chlorobenzoates, impeding the possible degradative routes of
commercial PCB mixtures.

Much greater effort has been expended on the aerobic degradation of PCBs and
their intermediates. Axenic cuitures, consortia and hybrid strains have all been
isolated and well characterized. Common rules relating to catabolism have been
formulated, but the application of such strains has been limited. This is partly due to
the same site-specific constraints applied to the anaerobes. Additionally, our under-
standing of the biochemistry and regulation of the processes involved in aerobic
haloaromatic catabolism has alerted us to the limitations of these organisms. Co-
metabolic degradation of PCBs has been studied extensively and shown to facilitate
the degradation of many congeners. However, although PCBs have been shown to be
removed, the production of a number of different, and sometimes uncharacterized,
metabolites has been shown. Chlorobenzoates, a major bottleneck in PCB minerali-
zation, have been shown to be inhibitory to PCB biodegradation. It would therefore
scem likely that these and other intermediates may inhibit or retard PCB biodegrada-
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tion. The requirement for addition of biphenyl to stimulate co-metabolism may prove
to be unfeasible on a large scale. This requirement may be obviated by developments
in strain construction and genetic engineering, but fully competent strains have not
yet been developed. In addition, legislation concerning the release of genetically
engineered organisms into the environment does not currently favour this approach.

In conclusion, many factors influence the biodegradation of PCBs. Once clear on
the legislative guidelines and the analytical methodology, a number of hurdles remain
to be overcome. Despite the availability of extensive literature, clear ground-rules on
the isclation and employment of micro-organisms for PCB mineralization have yet to
be formulated. It seems unlikely that this will ever be possible, site investigation
always being a prerequisite to bioremediation. This aside, current research will
hopefully provide a basis for the sequential anaerobic and aerobic biotreatment of
PCB-contaminated soils and sediments. Clearly, for such a process the challenge is as
great in terms of engineering as it is for development of competent microbial
consortia. Unlike many studies to date, success must not be determined solely by PCB
disappearance, a yardstick too often used to promote incomplete bioremediation
strategies. The problems associated with PCBs are by no means exclusive to these
compounds and any rational remediation strategy is likely to be a blueprint for
bioremediation of other hydrophobic pollutants.
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